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ABSTRACT 

 

Title of Document: PHOTOLYTIC FATE OF ORGANO-SELENIUM 

AND -TIN COMPOUNDS IN NATURAL AND 

ENGINEERED WATER SYSTEMS     
  

 Mamatha Hopanna  

Doctor of Philosophy, 2021 

  

Directed By: Dr. Lee Blaney, Associate Professor  

Department of Chemical, Biochemical and 

Environmental Engineering 

 

Organometallic chemicals contain at least one metal atom covalently bound to at least 

one carbon atom. Due to their sorption, redox, and catalysis properties, organometallics 

are commonly used as antibiotics, antioxidants, chemotherapy agents, pesticides, and 

semiconductors in the biomedical, agricultural, and electrical fields. While photochemical 

degradation is a significant abiotic process that governs the fate of organic pollutants in 

water, few studies have elucidated the photochemical transformation of organometallics 

in natural (i.e., 365 nm) and engineered (i.e., 254 nm) systems.  

 

This dissertation (i) assessed the suitability of conventional protocols, which are 

employed to study the photochemistry of organic contaminants, for organometallics, (ii) 

measured quantum yields for direct photolysis of organometallics, specifically organo-

selenium and -tin, at 254 nm and 365 nm, (iii) determined the second-order rate constants 

for the reaction of organometallic chemicals with the singlet oxygen (1O2), hydroxyl 

radical (•OH), and triplet state dissolved organic matter (3DOM*) reactive species, (iv) the 

half-lives of organometallics in diverse water sources using the Aqueous Photochemistry 

of Environmentally occurring Xenobiotics (APEX) modeling tool, and (v) identified the 



 

 

primary photoproducts and toxicity of organometallics in the UV-254 and UV-H2O2 

treatment systems. 

 

Atypical phototransformation kinetics were observed for ebselen in the presence of 

reactive species sensitizers, scavengers, and quenching agents due to ebselen reaction 

with active intermediates that are not kinetically relevant for most organic contaminants. 

These findings confirmed that the selenium atom leads to the high photoreactivity of 

ebselen and informed proper protocols for future study of organoselenium compounds. 

Triphenyltin hydroxide exhibited negligible direct photolysis at 365 nm, and indirect 

photolysis by 1O2, ⦁OH, and 3DOM* were the dominant photodegradation mechanisms. 

The second-order rate constants for triphenyltin hydroxide reaction with 1O2, ⦁OH, and 

3DOM* were (3.9 ± 0.5) × 106 M-1 s-1, (7.81 ± 0.37) × 108 M-1 s-1, and (1.41 ± 0.06) × 106 

M-1 s-1, respectively. APEX model simulations indicated that the of triphenyltin 

hydroxide half-lives were as follows: 126-262 d in surface water; 77-178 d in wastewater 

effluent; 55-126 d in stormwater; 51-78 d in wetlands; and, 106-202 d in natural organic 

matter extracts.  

 

In summary, this dissertation reports critical knowledge on the complex photochemical 

behavior of ebselen and triphenyltins for UV-254, advanced oxidation systems, and the 

natural environment. The information reported in this dissertation will assist with (i) 

understanding the fate of organometallics in natural systems and current water/ 

wastewater treatment processes and (ii) selecting appropriate photochemical and 

photocatalytic treatment systems for legacy and emerging organometallic chemicals. 
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  Introduction 

 

1.1 Background 

The first organometallic chemical, tetramethyldiarsine (Cacodyl), was synthesized by 

Louis Claude Cadet in 1760 1. While a number of other organometallics were produced in 

the subsequent decades, the remarkable growth of organometallic chemistry did not begin 

until the twentieth century. Since that time, organometallics have made a significant 

contribution to scientific progress due to their numerous applications in the catalysis, 

agricultural, and pharmaceutical industries 2, as evidenced by the Nobel laureates in 

chemistry from 1912 (Victor Grignard and Paul Sabatier for the discovery of Grignard 

reagent), 1963 (Karl Ziegler and Giulio Natta for their work on polymers using aluminum 

catalysts), 1973 (Geoffrey Wilkinson and Ernst Otto Fischer for pioneering work on the 

chemistry of organometallics), and 2005 (Yves Chauvin, Robert Grubbs, and Richard 

Schrock for the development of the metathesis method in organic synthesis) 3. This 

research paved the way for the introduction of synthetic organometallic compounds into 

consumer, agricultural, and industrial products starting in the 1960s 4.  

 

Organometallic compounds are molecules that contain one or more metal atoms 

covalently bound to an organic moiety. This concept has been expanded to include non-

metallic elements with metallic properties, such as boron, silicon, arsenic, selenium, and 

tellurium, by redefining organometallics as compounds that contain a carbon atom bound 

to a more electropositive element 5. These chemicals exhibit unique sorption, redox, and 

catalysis reactions due to the presence of the organic moiety and metal atom 6. In 
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addition, organometallics are commonly used as antibiotics 7-9, chemotherapy agents 10,11, 

antioxidants 12-15, pesticides 16-20, and semiconductors 21. This dissertation examined the 

environmental photochemistry of two classes of organometallic chemicals, namely 

organoselenium and organotin. The specific compounds of interest included ebselen and 

triphenyltin hydroxide. 

 

The organoselenium compound ebselen is an emerging pharmaceutical that has drawn 

interest due to its antioxidant, anti-inflammatory, anti-atherosclerotic, and cytoprotective 

properties 13,22. Ebselen is a multifunctional chemical that protects cells from oxidative 

and free radical damage by catalyzing the reduction of reactive oxygen species 14. The 

pharmacological relevance of ebselen was elucidated in 1984 when glutathione 

peroxidase like-activity was first reported by Muller et al. 23. Since then, numerous 

studies have investigated the pharmacological and biochemical properties of ebselen, 

highlighting potential applications for treatment of malaria, tuberculosis, reperfusion 

injury, stroke, hearing loss, bipolar disorder, and multidrug-resistant Staphylococcus 

aureus 24-27. A number of recent studies have suggested the potential therapeutic use of 

ebselen for COVID-19 and other respiratory viral infections 28-30. Overall, the increased 

interest and use of organoselenium chemicals in organic synthesis and biological, 

pharmaceutical, and catalysis applications will result in the environmental release of 

these unique molecules. 

 

Although ebselen has potential pharmacological benefits, this organoselenium chemical 

is also known to cause cellular toxicity. At elevated concentrations, ebselen induces 
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cytotoxicity, necrotic cell death, DNA damage, genotoxicity, and apoptosis 31-34. For 

example, Meotti et al.35 reported the half-maximal lethal doses of ebselen in rats and 

mice to be 400 and 340 µmol kg-1
, respectively. Due to bioaccumulation of selenium in 

the food chain and chronic toxicity that can cause reproductive deformities in aquatic 

organisms, the US Environmental Protection Agency (EPA) developed a new national 

chronic aquatic life criterion for selenium under the Clean Water Act 36. In addition, 

inorganic selenium, such as selenite and selenate, exerts adverse acute and chronic effects 

on fish and wildlife at concentrations of 1-5 µg L-1 37,38. Cell-based metabolic studies 

have suggested that selenium is not released from ebselen 14, but the abiotic fate of 

organoselenium compounds is unknown. For this reason, the fate of ebselen in 

engineered (e.g., water/wastewater treatment) and natural systems (e.g., sunlit surface 

waters) warrants investigation.  

 

Chemicals in the second class of organometallics of interest, namely organotins, are used 

as biocides, fungicides, insecticides, miticides for wood preservation and crop protection, 

industrial catalysts, and polyvinyl chloride stabilizers 39,40. In addition, organotins have 

been used in antifouling paints for shipyards, marine structures, and ship hulls since the 

1960s to inhibit the growth of barnacles, mussels, and snails 41,42. The tri-substituted 

organotin compounds, such as tributyltin and triphenyltin, exert major toxicological 

effects in aquatic organisms and humans 42. At nanomolar concentrations, tributyltins and 

triphenyltins cause acute and chronic toxicity, as well as developmental malformations 

and endocrine disruption in non-target species like algae, zooplankton, mollusks, and fish 
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larvae 18. Moreover, triphenyltin chemicals cause reproductive toxicity in mammals and 

are potential endocrine disruptors in humans 43. 

 

Due to the detrimental effects on non-target organisms, Japan, Germany, the United 

States, and other countries implemented restrictions on the use of tributyltin and 

triphenyltin as antifouling agents 44. In 2001, the International Maritime Organization 

issued a convention on the Control of Harmful Anti-fouling Systems on Ships to prohibit 

the application of organotin compounds as antifouling paints on marine vessels. This 

convention went into effect in January 2008. About two years later (July 2010), the 

European Union limited the use of organotins in consumer goods to concentrations of 

less than or equal to 0.1% (g Sn/g) 45,46. The US EPA placed triphenyltin hydroxide on 

the Contaminant Candidate List 4 47 and classified it as a Category B2 carcinogen (i.e., 

probable human carcinogen with adequate evidence from animal studies). 

 

Despite regulatory pressure to reduce tributyltin pollution in some areas, triphenyltin 

chemicals are still used as biocides in both mariculture and agriculture 48. Currently, 16 

products that contain triphenyltin hydroxide are registered as pesticides by the US EPA 

49. Application of those pesticides introduces organotins to the environment. In fact, 

triphenyltin chemicals have been detected in surface water, sediment, marine organisms, 

and even human bodies 40. Shiraishi et al. highlighted that triphenyltin concentrations in 

marine organisms are higher than those of tributyltin chemicals, even though 10× more 

tributyltins are produced each year 48,50. Due to widespread use, toxicity, persistence, and 
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potential for human exposure, the fate of triphenyltin chemicals needs to be established in 

engineered and natural systems. 

 

1.2 Problem Statement  

Organic contaminants are released into the environment via various routes. For instance, 

herbicides, fungicides, and insecticides are directly released to the environment during 

application to fields, while pharmaceuticals mainly enter the environment through 

discharge of municipal and industrial wastewater effluent. The rising demand for 

organometallic chemicals is expected to result in a proportional increase in the 

environmental loading of these contaminants. The environmental fate of organometallics 

strongly depends on their chemical and physicochemical properties. Unlike conventional 

organic compounds, organometallics have unique properties that suggest complex 

environmental chemistry. For example, environmental degradation processes may release 

inorganic metals that are more toxic than the original organometallic compound 9,51. Due 

to their intrinsic toxicity, biodegradation of organometallics in the environment is a 

negligible reaction pathway, thereby implicating the critical role of abiotic transformation 

processes. Photochemical reactions are the primary abiotic processes that govern the fate 

of organic contaminants in surface water 52; however, few studies have elucidated the 

photochemical transformation mechanisms, kinetics, and products of organometallic 

chemicals in engineered and natural systems.  
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1.3 Research Objectives 

This dissertation evaluated the photochemical transformation of organometallic 

compounds in engineered and natural water systems. We hypothesized that (i) the 

presence of metal atoms in these unique organic molecules would increase 

photoreactivity and (ii) both direct and indirect photolysis mechanisms would be 

kinetically relevant. Therefore, experiments were designed to determine the contributions 

of direct photolysis (i.e., 254 nm, 365 nm), indirect photolysis (i.e., reaction with singlet 

oxygen (1O2), hydroxyl radicals (⦁OH), and triplet dissolved organic matter (3DOM*)), 

and advanced systems (i.e., UV-H2O2 advanced oxidation) to the transformation of 

organo-selenium and -tin compounds through mechanistic evaluation of the 

photochemical reaction kinetics. The dissertation had three major objectives with 

multiple sub-tasks, as indicated below. 

 

1.) Photochemistry of the organoselenium compound ebselen: direct photolysis and 

reaction with active intermediates of conventional reactive species sensitizers and 

quenchers  

a.) Determine direct photolysis kinetics of ebselen and its carbon analog at 254 

nm (representative of water/wastewater treatment) and 365 nm (representative 

of solar irradiation) 

b.) Investigate the photochemical reactivity of ebselen with 1O2 and ⦁OH 

sensitizers 

c.) Evaluate the effects of reactive species scavenging and quenching agents on 

the photochemical reaction kinetics of ebselen 
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2.) Photolysis of triphenyltin chemicals: determination of rate constants and prediction of 

photodegradation in different source waters 

a.) Measure the phototransformation kinetics of triphenyltin hydroxide by direct 

photolysis with solar light and indirect photolysis by reaction with 1O2, ⦁OH, 

and 3DOM* 

b.) Employ the Aqueous Photochemistry of Environmentally-occurring 

Xenobiotics (APEX) model to predict the half-life of triphenyltin hydroxide in 

different water sources 

c.) Identify the contributions of the direct photolysis, 1O2, ⦁OH, and 3DOM* 

reaction mechanisms to the overall degradation of triphenyltin hydroxide in 

various waters 

3.) Photochemical fate of triphenyltin pesticides in engineered treatment systems: 

Reaction kinetics, transformation products, and residual toxicity 

a.) Determine the fate of triphenyltin hydroxide in photochemical water and 

wastewater treatment processes, including UV-254 and UV-H2O2 advanced 

oxidation 

b.) Identify the influence of water quality parameters, including solution pH, 

ionic strength, and DOM content, on triphenyltin hydroxide photochemistry 

c.) Characterize the primary photoproducts of triphenyltin hydroxide and confirm 

the corresponding reaction mechanisms 

d.) Establish the residual toxicity of triphenyltin hydroxide photoproducts formed 

during UV-254 and UV-H2O2 treatment 
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1.4 Organization of this Dissertation 

The above objectives were accomplished through the research reported in Chapters 2-4 of 

this dissertation. Figure 1.1 illustrates the organizational scheme of the dissertation, and a 

brief synopsis of each chapter is provided below. To address the proposed hypotheses, 

the dissertation was organized to answer the following questions: (i) can previously 

reported protocols used to determine the photochemical fate of organic contaminants be 

applied to organometallics?; (ii) does the photolytic fate of organometallic chemicals 

vary in different water sources contaminated by organometallics?; and, (iii) should 

conventional or advanced photochemical processes be used to treat organometallics in 

engineered systems? 

 

 

Figure 1.1. Schematic showing the organization of this dissertation. 

 

Chapter 2 evaluates the suitability of commonly used reactive species sensitizers and 

probes to study the photochemical reaction kinetics of ebselen as a representative 
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organoselenium chemical. Ebselen is an efficient scavenger of reactive oxygen species 

(ROS), such as 1O2, superoxide anion radical (O2
⦁), H2O2, and peroxynitrite (OONO–). 

This property complicates the selection of appropriate sensitizers and probes for 

determination of the bimolecular rate constants for ebselen reaction with ROS. The 

chapter examined traditional 1O2 (e.g., Rose Bengal, perinapthanone) and ⦁OH (e.g., 

H2O2, nitrate) sensitizers, as well as many ROS probes (e.g., sorbic acid, isopropanol, 

tert-butanol). The carbon analog of ebselen (C-ebselen), 2‐phenyl‐3H‐isoindol‐1‐one, 

was also investigated as a reference compound to establish the role of the selenium atom 

in ebselen phototransformation. Ebselen exhibited higher photoreactivity than C-ebselen 

due to interactions with excited triplet sensitizers and intermediate radicals that are 

kinetically irrelevant for other organic chemicals. These findings confirmed the unique 

impacts of the selenium atom on photochemical reactivity. The results of this chapter 

indicated that traditional ROS sensitizers and probes should be carefully evaluated for 

applications involving organometallic chemicals. This chapter was published in 

Environmental Science & Technology in 2020 53.  

 

Chapter 3 describes the fate of triphenyltin hydroxide in different water sources through a 

combination of laboratory experiments and model simulations in APEX. The 

photodegradation half-lives of triphenyltin hydroxide in surface water, wastewater 

effluent, stormwater, wetlands, and natural organic matter extracts were predicted using 

experimentally-determined kinetic parameters (i.e., direct photolysis quantum yield, 

second-order rate constants for triphenyltin hydroxide reaction with 1O2, ⦁OH, and 

3DOM*) and literature-reported quantum yields of formation for 1O2, ⦁OH, and 3DOM*. 
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The half-lives ranged from weeks to several months depending on water quality. The 

contributions of the direct photolysis, 1O2, ⦁OH, and 3DOM* reaction pathways to the 

overall triphenyltin hydroxide photodegradation kinetics were determined. Direct 

photolysis was found to be a negligible reaction mechanism, and 1O2 was found to be the 

dominant contributor (60-80%) to triphenyltin hydroxide degradation in the environment. 

This chapter emphasized the role of DOM composition and source for triphenyltin 

hydroxide degradation in different water systems. Compared to surface water, fast 

degradation kinetics were observed in wetlands and waters affected by stormwater and 

wastewater effluent. The quantitative modeling results also emphasized the need for 

treatment systems to remove triphenyltin chemicals from point sources. This chapter will 

be submitted for publication in 2021. 

 

Chapter 4 reports the transformation of triphenyltin hydroxide during UV-254 treatment 

and UV-H2O2 advanced oxidation. Experiments were conducted to measure the quantum 

yield of triphenyltin hydroxide and the second-order rate constants for triphenyltin 

hydroxide reaction with ⦁OH. The results indicated that the removal efficiencies of 

triphenyltin hydroxide for typical treatment conditions employed in the UV-254 and UV-

H2O2 processes were 2-10% and 50-92%, respectively. In addition, the effects of water 

quality parameters (e.g., solution pH, ionic strength, and DOM) were evaluated to 

determine the phototransformation kinetics of triphenyltin hydroxide for different water 

quality conditions. The primary phototransformation products were identified for direct 

and advanced oxidation of triphenyltin hydroxide and, importantly, bacterial growth 

inhibition assays demonstrated that photoproducts were more potent than the parent 
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compound. Importantly, conventional UV-254 processes resulted in higher residual 

toxicity and more potent phototransformation products compared to UV-H2O2 treatment; 

therefore, advanced oxidation processes are preferred due to both faster kinetics and less 

toxic products. This chapter is expected to be submitted for publication in 2021.   

 

Chapter 5 summarizes the main findings and conclusions of this dissertation and makes 

recommendations for future research to further advance understanding of the 

photochemical fate of organometallics in engineered and natural systems. 

 

1.5 Significance 

The primary significance of this dissertation stems from this work being the first 

comprehensive study of the environmental photolysis of organometallic chemicals. This 

research combined aspects of environmental chemistry, photochemistry, and photokinetic 

modeling to investigate the environmental fate of organometallic compounds in both 

natural and engineered systems. The research plan was designed to systematically 

determine the following parameters for representative organo-selenium and -tin 

chemicals: molar absorption coefficients; quantum yields for organometallics in natural 

(i.e., 365 nm) and engineered (i.e., 254 nm) systems; second-order rate constants for 

organometallic reactions with reactive species (1O2, ⦁OH, and 3DOM*); impacts of water 

quality parameters on organometallic photodegradation kinetics; dominant reaction 

pathways of organometallics in different water sources; and, the structures and 

toxicological relevance of organometallic phototransformation products. This systematic 

approach enabled a thorough understanding of the photochemical fate of highly reactive 
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organometallic compounds in water/wastewater treatment processes and environmental 

systems. In addition, the experimental results reported in this dissertation will (i) assist 

with the selection of appropriate photochemical/photocatalytic treatment processes for 

emerging organometallic chemicals and (ii) inform organometallic product stability for 

pharmaceutical and pesticide manufacturers. Overall, this dissertation will be a valuable 

resource on the photochemistry of organometallics in natural systems and engineered 

treatment processes. 
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  Photochemistry of the organoselenium compound ebselen: 

direct photolysis and reaction with active intermediates of conventional 

reactive species sensitizers and quenchers 

 

Abstract 

Ebselen (EBS), 2-phenyl-1,2-benzisoselenazol-3(2H)-one, is an organoselenium 

pharmaceutical with antioxidant and anti-inflammatory properties. Furthermore, EBS is 

an excellent scavenger of reactive oxygen species. This property complicates 

conventional protocols for sensitizing and quenching reactive species due to potential 

generation of active intermediates that quickly react with EBS. In this study, the 

photochemical reactivity of EBS was investigated in the presence of (1) 1O2 and •OH 

sensitizers (Rose Bengal (RB), perinaphthanone, H2O2) and (2) reactive species 

scavenging and quenching agents (sorbic acid, isopropanol, sodium azide, tert-butanol) 

that are commonly employed to study photodegradation mechanisms and kinetics. The 

carbon analog of EBS, namely 2‐phenyl‐3H‐isoindol‐1‐one, was included as a reference 

compound to confirm the impact of the selenium atom on EBS photochemical reactivity. 

EBS does not undergo acid dissociation, but pH-dependent kinetics were observed in RB-

sensitized solutions, suggesting EBS reaction with active intermediates (3RB2-*, O2
⦁-, 

H2O2) that are not kinetically-relevant for other compounds. In addition, the observed rate 

constant of EBS increased in the presence of sorbic acid, isopropanol, and sodium azide. 

These findings suggest that conventional reactive species sensitizers, scavengers, and 

quenchers need to be carefully applied to highly reactive organoselenium compounds to 

account for reactions that are typically slow for other organic contaminants.  
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2.1 Introduction 

Ebselen (EBS) is an organoselenium compound with anti-inflammatory, anti-

atherosclerotic, and cytoprotective properties 13,22. Currently, EBS is mostly used as an 

antioxidant and glutathione peroxidase mimic 24,25. Ongoing clinical trials are 

investigating EBS as a treatment for reperfusion injury, stroke, hearing loss, and bipolar 

disorder 54. EBS has also emerged as a promising treatment for clinical isolates of 

multidrug-resistant Staphylococcus aureus 26,27. Most recently, Jin et al. reported that out 

of more than 10,000 compounds investigated by structure-based and high-throughput 

screening, EBS emerged as the only compound with promising antiviral activity against 

COVID-19 in cell-based assays 55. A recent PubMed database search found more than 

1000 publications on EBS, with many focused on potential therapeutic applications or 

synthesis of EBS analogs or derivatives. For these reasons, organoselenium compounds 

represent a new class of contaminants of emerging concern.  

 

The aforementioned pharmaceutical applications stem from the biochemical properties of 

EBS, including its excellent scavenging of reactive oxygen species, such as singlet 

oxygen (1O2), hydrogen peroxide (H2O2), and peroxynitrite (OONO-) 13,56,57. However, 

EBS can also cause cellular toxicity. For example, EBS induced necrotic cell death, DNA 

damage, genotoxicity, and apoptosis at high concentrations 14,58,59. Several studies have 

also reported acute and chronic effects of selenium on fish and wildlife at concentrations 

of 1-5 µg L-1 60,61. Based on recent scientific findings, EPA set a new national chronic 

aquatic life criterion for selenium in 2016 62. Although metabolic studies suggest that 
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selenium is not immediately released from EBS, the fate of EBS in abiotic environmental 

systems and water/wastewater treatment processes is unknown. Due to its antioxidant 

properties, EBS is expected to exhibit fast photodegradation kinetics in natural water 

bodies, where reactive oxygen species are generated through indirect photolysis. 

However, the photochemical reactivity and degradation mechanisms of EBS are 

unknown and warrant investigation. 

 

Previous studies have identified the kinetic relevance of both direct and indirect 

photolysis mechanisms to photodegradation of organic contaminants in engineered and 

natural systems 9,63. The rate constants for photodegradation mechanisms are typically 

determined in well-controlled laboratory experiments and then applied to calculate the 

half-lives of contaminants in the natural environment 64-66. The corresponding 

experimental protocols employ reactive species sensitizers, such as Rose Bengal (RB; for 

1O2), perinaphthanone (PN; for 1O2 and surrogate for triplet dissolved organic matter 

(3DOM*)), and Suwannee River Natural Organic Matter (for 1O2, hydroxyl radicals 

(•OH), and 3DOM*). In addition, reactive species scavengers and quenchers, such as 

sorbic acid (for triplets, also prevents 1O2 production), sodium azide (NaN3; for 1O2 and 

•OH), isopropanol (for •OH), and tert-butanol (for •OH), are used to inhibit certain 

reaction mechanisms and isolate others. Together, these tools facilitate determination of 

specific rate constants for organic contaminants with individual reactive species.  

 

We hypothesize that the antioxidant properties of EBS 13,56,57 will pose challenges to the 

use of conventional protocols for sensitizing and quenching reactive species due to 
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generation of active intermediates that quickly react with EBS. For example, RB forms 

the following transient species: triplet RB (3RB2-*); RB⦁3-; RB⦁-; 1O2; and, superoxide 

anion radical (O2
⦁-) 67,68. As indicated in Figure 2.2, 3RB2-*, RB⦁3-, and RB⦁- are not 

kinetically relevant for many organic chemicals; therefore, many studies do not consider 

these reactions 
69,70. If reactions between RB active intermediates and the organic 

chemical are kinetically relevant but not considered, the calculated second-order rate 

constant for 1O2 reaction with that chemical would be over-estimated by RB-sensitized 

experiments. Criado et al. 67 observed fast reactions between tryptophan and 3RB2-* with 

rate constants on the order of 107 M-1 s-1. In solution, 3RB2-* is quenched by molecular 

oxygen in a reaction that yields 75% 1O2 and 20% O2
⦁- 69. While most studies focus on 

the 1O2 product, select tryptophan derivatives can also react with O2
⦁- at kinetically-

relevant rates 67. Similarly, Davis et al. 71 reported the high reactivity of fenamates with 

triplet PN, which stems from the use of PN as a 1O2 and triplet sensitizer. 
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Figure 2.2. Photochemistry of RB and proposed reactions with EBS. The rate constants 

indicated in the figure are defined as follows: 𝐤𝐢𝐬𝐜
′ , rate constant for inter-system crossing of 1RB2-

* to 3RB2-*; 𝐤𝐄𝐓
′′ , rate constant for energy transfer reaction from 3RB2-* to molecular oxygen, 

3O2; 𝐤 𝐑𝐁𝟐−∗𝟑 , 𝐄𝐁𝐒
′′ , rate constant for energy transfer reaction from 3RB2-* to EBS; 𝐤𝐄𝐁𝐒,𝐎𝟐

•−
′′ , second-

order rate constant for EBS reduction by 𝐎𝟐
⦁−; 𝐤𝐝𝐞𝐜𝐚𝐲

′ , rate constant for 1O2 decay to 3O2; 

𝐤
𝐄𝐁𝐒, 𝐎𝟐

𝟏
′′ , second-order rate constant for EBS reaction with 1O2 (chemical quenching); 𝐤𝐄𝐁𝐒,𝐪

′′ , 

second-order rate constant for physical quenching of 1O2 by EBS; and, 𝐤𝐫𝐞𝐝𝐨𝐱, rate constant for 

reduction of 3RB2-* by RB2-. The thick, black reaction arrows emphasize the reactions typically 

considered in RB-sensitized experiments. The RB photochemistry was adapted from previous 

literature 67,68 to elucidate potential reaction pathways for EBS. 

 

Other chemicals used to sensitize, scavenge, or quench reactive species also produce 

triplets and/or active intermediate radicals (see Table S1 in the Supporting Information 

(SI)) 54,72,73. As noted above, EBS is an excellent scavenger of reactive species; therefore, 

secondary reactions must be carefully examined to ensure proper calculation of second-

order rate constants for specific reactions. For example, secondary organic radicals (e.g., 

R• and ROO•), which are often kinetically negligible, are formed by the reaction of tert-

butanol with •OH 54. If EBS reacts with the R• or ROO• active intermediates, the use of 
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tert-butanol to quench •OH can lead to other unaccounted mechanisms. Packer et al. 74 

reported similar observations when using isopropanol to quench radicals during 

photodegradation of clofibric acid and diclofenac. Addition of 1% isopropanol (v/v) 

increased the photodegradation rates for clofibric acid and diclofenac by 1.7× and 1.45×, 

respectively, compared to those observed in deionized (DI) water. One reason for the 

enhanced phototransformation kinetics was formation of active isopropanol 

intermediates. Unless carefully examined, these reactions can lead to calculation of 

inaccurate rate constants. 

 

The heightened interest in organoselenium pharmaceuticals coupled to the general lack of 

knowledge regarding the photochemistry of these molecules motivated the present study. 

We hypothesized that the selenium atom in EBS would participate in complex 

photochemical reactions that are difficult to capture using conventional sensitization and 

quenching protocols. The overall goal of this study was to investigate the photochemical 

reactivity of EBS with (1) 1O2 and ⦁OH sensitizers (i.e., RB, PN, and H2O2) and (2) 

reactive species scavenging and quenching agents (i.e., isopropanol, sorbic acid, and tert-

butanol) that are commonly employed to study the fate of organic contaminants during 

direct and indirect photolysis. To determine the role of the selenium atom in direct and 

indirect photochemical reactions, we examined the fate of the EBS carbon analog (i.e., 2‐

phenyl‐3H‐isoindol‐1‐one (C-EBS), namely EBS but with a carbon atom substituted for 

the selenium atom). To establish the baseline photoreactivity, wavelength-dependent, 

pseudo-first-order rate constants and quantum yields were evaluated for direct photolysis 
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of EBS and C-EBS. Although this work specifically focused on EBS, the outcomes 

contribute to overall understanding of organoselenium photochemistry. 

 

2.2 Experimental Materials and Methods 

2.2.1 Chemicals  

Details on the chemical reagents used in experiments are included in Text A1 of 

Appendix 1. 

 

2.2.2 Analytical methods 

The analytical methods employed for quantitation of EBS, C-EBS, para-chlorobenzoic 

acid (pCBA; ⦁OH probe), and furfuryl alcohol (FFA; 1O2 probe) are described in Text A2 

of Appendix A.  

 

2.2.3 Photolysis Experiment 

All photochemical experiments were performed in an eight-position, merry-go-round 

Rayonet reactor (Southern New England Ultraviolet Inc.; Branford, CT) equipped with 

eight bulbs emitting (i) monochromatic light at 254 nm or (ii) across the 310-410 nm 

range with a peak at 365 nm (labeled 365 nm, below). The 254-nm and 365-nm bulbs 

were used to sensitize the production of ⦁OH and 1O2, respectively. Moreover, the 254-

nm and 365-nm light sources were representative of UV disinfection processes in 

drinking water and wastewater treatment plants and the high-energy solar irradiation that 

reaches surface water, respectively, providing insight to direct photolysis of EBS in these 

systems. The average incident photon flux for the 254-nm and 365-nm systems were 
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calculated to be 2.71 (± 0.18) × 10-5 Ein L-1 s-1 and 1.93 (± 0.40) × 10-5 Ein L-1 s-1, 

respectively, using the ferrioxalate actinometer 8,75; note, error values refer to the standard 

deviation of three measurements. To determine the direct photolysis kinetics, 

experimental solutions contained 3.6 µM EBS or C-EBS and 5 mM phosphate buffer in 

DI water. Experimental solutions were irradiated in quartz tubes with an inner diameter 

of 1.5 cm. Samples were collected at predetermined times and stored at -20 °C in amber 

vials prior to analysis by liquid chromatography with triple quadrupole tandem mass 

spectrometry (LC-MS/MS) or high-performance liquid chromatography with UV 

absorbance detection. Dark controls were included to account for other reactions, 

including hydrolysis and direct reaction of EBS with reactive species quenchers, 

scavengers, and sensitizers. All experiments were conducted at room temperature (i.e., 22 

± 1°C). 

 

2.2.3.1. Reactivity of EBS with 1O2 sensitizers  

The photoreactivity of EBS in solutions containing the RB and PN 1O2 sensitizers was 

investigated at 365 nm. Experimental solutions contained 3.6 µM EBS, 5 µM RB or 0.5 

µM PN, 0.2 mM FFA, and 5 mM phosphate buffer in DI water. Test conditions included 

five pH values between 4.4 and 10.2. The experiments were conducted at similar 

conditions with C-EBS to determine the importance of the selenium atom on EBS 

reactivity with 1O2; however, the RB concentration was increased to 40 µM for the C-

EBS experiments due to the slower reaction between C-EBS and 1O2 observed in 

preliminary investigations. The steady-state 1O2 concentration (i.e., [1O2]ss) was 

calculated by dividing the observed pseudo-first-order rate constant for FFA degradation 
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by its second-order rate constant with 1O2 (i.e., k
O2,FFA1

′′  = 1.0 × 108 M-1 s-1 76). In separate 

experiments, 5 and 10 mM NaN3 were added to the experimental solutions to quench 1O2 

(as it was produced) and investigate EBS degradation by triplets or active intermediates 

of the RB and PN sensitizers.  

 

2.2.3.2. Reactivity of EBS with •OH sensitizers 

Conventional methods of generating •OH, such as UV-H2O2, photo-Fenton reactions, and 

solar irradiation of NO3
- or NO2

- 77, may complicate evaluation of EBS degradation 

kinetics due to secondary reactions with H2O2, ONOO-, or other active intermediates 

57,78,79. For this reason, sodium pyruvate was employed as a non-radical-forming H2O2 

quenching agent. The suitability of pyruvate was investigated in the dark using the 

following solutions: (i) 0.36-36 µM EBS; (ii) 0.36-36 µM EBS + 7.5 mM sodium 

pyruvate; (iii) 0.36-36 µM EBS + 0.5 mM H2O2; and, (iv) 0.36-36 µM EBS + 0.5 mM 

H2O2 + 7.5 mM sodium pyruvate. These solutions were always generated by first adding 

EBS, then sodium pyruvate (when applicable), and then H2O2 (when applicable). To 

confirm the extent of H2O2 quenching by pyruvate, EBS concentrations in these samples 

were analyzed immediately after preparation and again after 24 h of storage in the dark. 

 

The second-order rate constant for EBS reaction with H2O2 was determined in the dark. 

The 10-mL experimental solutions contained 3.6 µM EBS, 50 µM H2O2, and 5 mM 

phosphate buffer (pH 7.0 ± 0.1). An excess of H2O2 was added to allow calculation of the 

pseudo-first-order rate constant 64; in particular, the initial concentration ratio of H2O2 to 

EBS was 15 mol/mol to ensure that residual EBS concentrations were above the 
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analytical limits of quantitation. Samples (100 µL) were collected at designated times and 

deposited into vials containing 900 µL of 7.5 mM sodium pyruvate to immediately 

quench the H2O2 residual. The second-order rate constant for EBS reaction with H2O2 

(kEBS,H2O2

′′ ) was calculated by dividing the observed pseudo-first-order rate constant of 

EBS (kEBS,obs
′ ) by the molar H2O2 concentration ([H2O2]), as indicated in Eq. 2.1. 

 

kEBS,H2O2

′′ =
kEBS,obs

′

[H2O2]
 

          (Eq. 2.1) 

 

The second-order rate constant for EBS reaction with ⦁OH (kEBS, O⦁ H
′′ ) was measured by 

competition kinetics with pCBA. Experimental solutions containing 3.6 µM EBS, 5 µM 

H2O2, 75 µM pCBA, and 5 mM phosphate buffer (pH 7.0 ± 0.1) were irradiated at 254 

nm. Samples (100 µL) collected at designated times were mixed with 900 µL of 7.5 mM 

sodium pyruvate to quench the H2O2 residual and inhibit further reactions. EBS could 

have degraded by direct photolysis, reaction with H2O2, or reaction with ⦁OH. The pCBA 

probe molecule can undergo similar reactions, but the H2O2 reaction is not kinetically 

relevant 80. The integrated mass balance expressions for EBS and pCBA in the batch 

reactors are shown in Eq. 2.2 and Eq. 2.3, respectively. 

 

− ln
[EBS]t

[EBS]0
=  kd,EBS

′ t + kEBS,H2O2 
′′ [H2O2]t + kEBS, O⦁ H

′′  ∫[ O⦁ H] dt

t

0

 

          (Eq. 2.2) 
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− ln
[𝑝CBA]t

[𝑝CBA]0
=  kd,𝑝CBA

′ t + k𝑝CBA, O⦁ H
′′  ∫[ O⦁ H] dt

t

0

 

          (Eq. 2.3) 

 

The variables in Eq. 2.2 and 2.3 are defined as follows: t is the irradiation time (s); 

[EBS]0 and [EBS]t are the EBS concentrations (µM) at time 0 and t, respectively; 

[𝑝CBA]0 and [𝑝CBA]t are the pCBA concentrations (µM) at time 0 and t, respectively; 

kd,EBS
′  and kd,𝑝CBA

′  are apparent time-based pseudo-first-order rate constants for direct 

photolysis of EBS and pCBA at 254 nm, respectively; and, k𝑝CBA, O⦁ H
′′  is the second-order 

rate constant for pCBA reaction with ⦁OH (i.e., 5.2 × 109 M-1s-1 81).  

 

As EBS and pCBA were present in the same reactor, the hydroxyl radical exposure (i.e., 

∫ [ O⦁ H] dt
t

0
) in Eq. 2.2 is equal to that in Eq. 2.3. These expressions can, therefore, be 

rearranged as shown in Eq. 2.4, which was used to solve for kEBS, O⦁ H
′′  9. 

 

[ln (
[EBS]

[EBS]0
) + kd,EBS

′ t + kEBS,H2O2

′′ [H2O2]t ] = [ln (
[𝑝CBA]

[𝑝CBA]0
) + kd,𝑝CBA

′ t]  
kEBS, O⦁ H

′′

k𝑝CBA, O⦁ H
′′  

          (Eq. 2.4) 

 

A similar experimental design was employed to calculate second-order rate constants for 

C-EBS with ⦁OH; however, the H2O2 concentration was increased to 5 mM due to the 

lower observed reactivity of C-EBS with ⦁OH (compared to EBS).  
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2.2.3.3 Reactivity of EBS with scavengers and quenchers 

The reactivity of EBS with reactive species scavenging and quenching molecules, and 

associated triplets or active intermediates, was investigated by irradiating 3.6 µM EBS in 

the presence of 0.5 mM sorbic acid (triplet quencher, also prevents 1O2 production) or 50-

100 mM isopropanol (•OH quencher) at 365 nm. All solutions were buffered at pH 7.0 ± 

0.1 with 5 mM phosphate buffer. Furthermore, the reactivity of EBS in the presence of 0, 

1, and 10 mM NaN3 (
1O2 and •OH quencher) was investigated at 254 nm and 365 nm, 

with solution pH adjusted to 4, 6, 8, and 10 by 5 mM phosphate buffer. 

 

Secondary organic radicals (e.g., R• and ROO•) formed through tert-butanol reaction 

with •OH 54 might react with EBS. To examine whether these reactions were kinetically 

relevant, experimental solutions containing 3.6 µM EBS, 5 µM H2O2, 10-100 mM tert-

butanol, and 5 mM phosphate buffer (pH 7.0 ± 0.2) were irradiated at 254 nm. Samples 

(100 µL) from the above experiments were collected at designated times and deposited 

into vials containing 900 µL of 7.5 mM sodium pyruvate to quench further reactions. 

 

2.3 Results and Discussion 

2.3.1 Direct photolysis of EBS and C-EBS 

The apparent molar absorption coefficient and quantum yield dictate the extent of 

chemical degradation by direct photolysis. The molar absorption coefficients of EBS and 

C-EBS are shown for 230-380 nm and pH 4.5, 7.0, and 9.5 in Figure A6 of the SI. Due to 

their aromatic moieties, EBS and C-EBS both absorb UVC light, and the apparent molar 
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absorption coefficients at 254 nm were 1.22 (± 0.01) × 104 M-1 cm-1 and 6.91 (± 0.11) × 

103 M-1 cm-1, respectively; note, the error corresponds to standard deviation (n = 3). 

Compared to C-EBS, EBS exhibited extended absorbance into the UVA region (up to 

370 nm), presumably due to the presence of the selenium atom, which was the only 

difference between the two chemicals. Neither compound undergoes acid dissociation, 

and both compounds are present in solution as neutral molecules. For these reasons, 

solution pH had a negligible influence on the absorbance spectra (see Figure A6 in 

Appendix A).  

 

The degradation kinetics of EBS and C-EBS were investigated at pH 7 for direct 

photolysis at 254 nm and 365 nm. The observed pseudo-first-order rate constants at 254 

nm for EBS and C-EBS were 2.74 (± 0.20) × 10-3 s-1 and 8.50 (± 0.32) × 10-4 s-1, 

respectively. Phototransformation reactions were slower for irradiation with light at 365 

nm, wherein the observed rate constant for EBS transformation was 5.17 (± 0.95) × 10-5 s-

1 and C-EBS showed negligible degradation kinetics (𝑘d,C−EBS
′  < 2.3 × 10-6 s-1). The error 

values reported above correspond to 95% confidence intervals on the mean rate constant 

calculated from time-series experiments (n = 14). Using these rate constants, the apparent 

quantum yield was calculated (see Text S3 and Eq. S1 in the SI). The apparent quantum 

yields at 254 nm for EBS and C-EBS were 13.6 (± 0.1) × 10-2 mol Ein-1 and 2.0 (± 0.7) × 

10-2 mol Ein-1, respectively. For 365 nm, EBS exhibited an apparent quantum yield of 1.4 

(± 0.1) × 10-3 mol Ein-1; however, the quantum yield of C-EBS at 365 nm was much 

lower (𝜙C−EBS,365 < 2.8 × 10-5 mol Ein-1). Due to the low extent of degradation, the 
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reported quantum yield for C-EBS at 365 nm was an upper-bound estimate included to 

contextualize the differences between EBS and C-EBS reactivity. 

 

The observed pseudo-first-order rate constants for EBS photodegradation are summarized 

in Table 2-1. At 254 nm, EBS exhibited pH-dependent photodegradation with the 

observed rate constant increasing from 1.73 (± 0.27) × 10-3 s-1 at pH 4.4 to 13.50 (± 0.43) 

× 10-3 s-1 at pH 10.5. Solution pH exerted a similar effect on EBS photodegradation at 365 

nm, but the magnitude of the change in observed rate constant was much lower. The 

pseudo-first-order rate constants at 254 nm and 365 nm increased by 680% and 73%, 

respectively, across the pH 4.4-10.5 range. The faster EBS photoreaction kinetics 

observed at higher pH were not expected because (i) EBS does not dissociate and (ii) the 

measured molar absorption coefficients were similar for the pH 4.5-9.5 range. A 

potentiometric titration was conducted and confirmed the absence of environmentally-

relevant acid dissociation sites; furthermore, the ChemAxon structure-based algorithm 82 

did not identify an acid dissociation site in the pH 0-14 range. Previous studies indicated 

that phosphate buffer can promote photoreduction and/or photoaddition mechanisms 83,84; 

however, Figure A7 in Appendix A highlights insignificant impacts on EBS degradation 

for solutions containing 0, 10, 20, and 30 mM phosphate buffer at pH 7.2. 
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Table 2-1. Observed pseudo-first-order rate constants for direct photolysis of EBS with 

light at 254 nm and 365 nm. 

 

Solution pH 
Observed rate constant (s-1) 

254 nm 365 nm 

4.4 1.73 (± 0.27) × 10-3 3.45 (± 0.36) × 10-5 

5.1 1.80 (± 0.58) × 10-3 3.14 (± 0.48) × 10-5 

6.3 2.59 (± 0.21) × 10-3 4.77 (± 0.66) × 10-5 

6.9 2.74 (± 0.20) × 10-3 5.17 (± 0.95) × 10-5 

7.8 4.18 (± 0.10) × 10-3 5.41 (± 0.87) × 10-5 

8.3 7.22 (± 0.22) × 10-3 5.60 (± 0.48) × 10-5 

9.4 8.88 (± 0.24) × 10-3 5.34 (± 0.64) × 10-5 

10.5 13.50 (± 0.43) × 10-3 5.98 (± 0.81) × 10-5 

 

 

The observed differences in direct photolysis kinetics may also stem from pH-dependent 

self-sensitized reactions. Photosensitized generation of reactive oxygen species by EBS 

may involve both type I (electron transfer reactions to produce O2
⦁-) and type II (energy 

transfer to molecular oxygen to produce 1O2) reactions 69,85, as shown in Eq. 2.5-2.8.  

 

EBS + hν → 1EBS* → 3EBS* 

       (Eq. 2.5)  

 

3EBS* + O2 → 1O2 + EBS 

       (Eq. 2.6) 

 

EBS + hν → EBS⦁+ + eaq
- 

       (Eq. 2.7) 
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eaq
- + O2 → O2

⦁- 

       (Eq. 2.8) 

 

In Eq. 2.5-2.8, 1EBS* is excited singlet state EBS, 3EBS* is excited triplet state EBS, 

EBS⦁+ is EBS radical cation, and eaq
- is a solvated electron.  

 

To investigate the aforementioned mechanisms, transient absorption spectroscopy was 

conducted at 355 nm. Details of the instrument and data analysis are available in previous 

reports 86,87 and Text S4 of the SI. Figure A8 in Appendix A demonstrates the absence of 

spectroscopic evidence for 3EBS* and EBS•+ production at pH 4.4-11.2. These results 

suggest (i) low quantum yields of EBS transients at the 355 nm excitation wavelength 

and/or (ii) low molar absorption coefficients of transient species. The transient absorption 

spectroscopy results support the lower pH-dependence of EBS rate constants at 365 nm 

reported in Table 2-1. However, the higher photoreactivity of EBS at 254 nm, which 

stemmed from a 31× higher molar absorption coefficient and a 96× higher quantum yield 

(compared to 365 nm), suggested that self-sensitized reactions may be more evident for 

irradiation at 254 nm. While a detailed evaluation of the reaction mechanisms involved 

with direct photolysis was outside of the scope of this study, the importance of evaluating 

self-sensitized reactions and the influence of solution pH was identified for 

organoselenium chemicals.  
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2.3.2. EBS interactions with reactive species sensitizers 

2.3.2.1. Active intermediates of 1O2 sensitizers react with EBS 

To sensitize the generation of 1O2, solutions containing EBS were spiked with RB or PN 

and irradiated at 365 nm. The observed pseudo-first-order rate constants for EBS 

degradation in the RB-sensitized solutions are shown in Figure 2.3a. The observed rate 

constant increased from 7.03 (± 1.20) × 10-4 s-1 at pH 4.4 to 6.74 (± 1.80) × 10-3 s-1 at pH 

10.2, corresponding to a 859% increase; however, the steady-state 1O2 concentrations 

were comparable, 3.1 (± 0.5) × 10-12 M, for all pH conditions. The drastic change in 

observed rate constant coupled to the consistent 1O2 concentration suggests the 

importance of other reaction mechanisms. While the rate constants for direct photolysis at 

365 nm also increased at higher solution pH, the magnitude (i.e., 3-6 × 10-5 s-1) was about 

100× lower than the observed rate constants for RB-sensitized experiments. Given the 

absence of acid dissociation reactions and the relatively minor contribution of direct 

photolysis at 365 nm, the faster photodegradation kinetics observed at higher pH in 

Figure 2.3a were attributed to EBS reaction with triplets or active intermediates of RB 

(see Figure 2.2 ). Similar results were observed in solutions containing PN (Figure A9 in 

Appendix A). Unlike EBS, C-EBS exhibited low reactivity in RB-sensitized solutions, 

and the measured degradation was negligible under all pH conditions (Figure A10 in 

Appendix A). These results suggest that the selenium atom played a crucial role in the 

faster reaction kinetics observed at higher pH. 
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Figure 2.3. Observed pseudo-first-order rate constants for EBS photodegradation at 365 nm 

in (a) solutions that initially contained 3.6 µM EBS, 5 µM RB, and 0.2 mM FFA and (b) 5 

µM RB-sensitized solutions with 3.6 µM EBS and 0, 5, and 10 mM NaN3 (no FFA). Solution 

pH was maintained with 5 mM phosphate buffer. The secondary y-axis in (a) shows steady-state 
1O2 concentrations. The symbols correspond to rate constants calculated from time series 

experiments (n = 7). Error bars represent 95% confidence intervals on the mean rate constant 

from the time series experiments. 

    

To confirm whether 3RB2-* or active intermediates contributed to EBS photodegradation, 

5 and 10 mM NaN3 were added to experimental solutions to quench 1O2 produced by the 

RB system. Even though NaN3 quenches both 1O2 and ⦁OH, the quenching reaction is 

associated with 1O2 as the expected ⦁OH yield is low due to (1) the multistep reactions 

involved in ⦁OH generation (electron transfer from 3RB2-* to 3O2 to form O2
⦁- → self-

dismutation of O2
⦁- → H2O2 irradiation (254 nm)→ 

⦁OH), (2) the low initial concentration 

of RB (5 µM), and (3) the wavelength employed in these experiments (365 nm). Based 

on the EBS and NaN3 concentrations, the rate constant for 1O2 quenching by NaN3 (1.5 × 

109 M-1 s-1 88,89), and the rate constant for 1O2 reaction with EBS (4.16 × 106 M-1 s-1 56), 

NaN3 quenched more than 99.99% of 1O2. Direct EBS reaction with NaN3 was kinetically 

negligible. Figure 2.3b indicates that the addition of NaN3 suppressed EBS 

photodegradation kinetics at all pH conditions, although the observed rate constants for 

EBS degradation still increased from pH 7 to pH 11. No significant differences were 
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identified between the observed rate constants for the 5 and 10 mM NaN3 conditions at 

any pH (p > 0.10, ANCOVA), suggesting that these concentrations were sufficient to 

quench 1O2 formed by the RB sensitizer. With 10 mM NaN3, the observed rate constant 

for EBS photodegradation was suppressed (compared to the 0 mM NaN3 condition) by 

82% at pH 4.4, 90% at pH 7.0, and 86% at pH 10.2; however, the observed rate constant 

for EBS degradation was enhanced (compared to direct photolysis) by 72% at pH 4.4, 

85% at pH 7.0, and 94% at pH 10.2. These results support the kinetic relevance of other 

active intermediates produced by irradiation of RB (see Figure 2.2) and/or NaN3 (see 

section 2.3.3 for more details).  

 

To further investigate the potential contributions of 3RB2-* to EBS degradation, transient 

absorption studies were conducted under anoxic conditions, at varying solution pH, and 

with incremental addition of EBS (see Text S4 of the SI). An excitation wavelength of 

532 nm was employed to (1) selectively excite RB (note, EBS does not absorb light at 

532 nm, see Figure A6 in Appendix A) and (2) avoid generation of other RB reactive 

intermediates (note, Allen et al. 90 reported generation of RB radicals at 313 nm but not 

above 514 nm). The experimental data confirmed that EBS reacts with 3RB2-*. RB 

triplets can sensitize chemical degradation by energy transfer (ET = 171-176 kJ mol-1) 68,91 

and/or electron transfer (reduction potential, E°*(3RB*/RB-⦁) = 1.23 VSHE) 91. Schöneich 

et al. 92 reported the oxidation potential of EBS to be 1.59 V, higher than the reduction 

potential of 3RB2-*. Based on these findings, the electron transfer reaction mechanism of 

EBS with 3RB2-* is unlikely, and the energy transfer mechanism is proposed. The Stern-

Volmer plot in Figure A11 of Appendix A was used to determine the second-order rate 
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constant of 3RB2-* with EBS (i.e., 4.30 (± 0.15) × 108 M-1s-1). Importantly, solution pH 

did not influence the reaction kinetics (see Table S2 of the SI for second-order rate 

constants for EBS reaction with 3RB2-*). Criado et al. 67 highlighted the important role of 

3RB2-* in the photochemical degradation of tryptophan and its derivatives, which 

exhibited second-order reaction rate constants with 3RB2-* on the order of 107 M-1s-1. 

Another study reported second-order rate constants of 107- 108 M-1s-1 for neonicotinoids 

with 3RB2-* 93.  

 

The pH-independent photoreaction kinetics of EBS with 3RB2-* (Figure A11 in Appendix 

A) and 1O2 (postulated from the lack of acid dissociation and the consistent 1O2 steady-

state concentrations in Figure 2.3a) suggest another mechanism contributes to the 

observed rate constants for EBS degradation at high pH. While mechanistic evaluation of 

this reaction was beyond the scope of this study, one possible explanation for the pH-

dependent photodegradation kinetics observed in Table 2-1 and Figure 2.3 may involve 

O2
⦁-. Previous pharmacological studies have indicated that EBS undergoes reduction by 

O2
⦁- 94,95. Lee et al. 69 reported that 3RB2-* quenching by molecular oxygen yields 75% 

1O2 and 20% O2
⦁-. While O2

⦁- can undergo self-dismutation to form H2O2 
96, the rate of 

reaction exponentially decreased from pH 4.8 to pH 11 97. The effective concentration of 

O2
⦁-, therefore, increases at higher pH, potentially explaining the faster EBS 

photodegradation kinetics in RB-sensitized solutions at high pH. This hypothesis is 

supported by results from Chen et al. 98, who reported that a one-electron transfer 

mechanism for acetaminophen with O2
⦁- was 1.1× faster at pH 10.0 than at pH 8.0. Given 
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the faster EBS photodegradation kinetics at higher pH, the contribution of H2O2 

generated through O2
⦁- self-dismutation to EBS degradation was negligible. 

 

Overall, the reported data suggest that investigation of the environmental photochemistry 

of organoselenium chemicals requires careful consideration of the protocols used to 

identify transformation mechanisms and calculate rate constants. Due to the higher 

reactivity of EBS with 3RB2-* (4.30 (± 0.15) × 108 M-1s-1) than 1O2 (4.16 × 106 M-1 s-1 56), 

the common strategy of using RB-sensitized solutions to directly calculate 1O2 reaction 

kinetics would result in overestimation of the second-order rate constant for EBS with 

1O2 and underestimation of the EBS half-life in the natural environment. Findings from 

this study emphasize the importance of 3RB2-*, 1O2, O2
⦁-, H2O2, and solution pH to the 

reaction mechanisms and kinetics of EBS, and presumably other organoselenium 

chemicals, in RB- and PN-sensitized solutions. 

 

2.3.2.2 EBS reacts with •OH sensitizers 

Previous antioxidant studies have determined that EBS is an excellent scavenger of H2O2, 

OONO-, and other nitrite radicals 57,78,79. As a result, conventional methods to generate 

•OH, including UV-H2O2, photo-Fenton, and solar irradiation of NO3
- or NO2

-, may 

complicate the evaluation of EBS kinetics due to secondary reactions with H2O2 and 

OONO-. These methods of sensitizing •OH cannot, therefore, be applied to determine the 

second-order rate constant for EBS reaction with •OH without a means to prevent EBS 

reaction with H2O2 or OONO-. While ascorbic acid 99, dehydroascorbic acid 99, 

thiosulfate 100, horseradish peroxidase 101,102, and sodium pyruvate 103 have been used to 
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quench H2O2, some of these chemicals generate intermediate radicals that may react with 

EBS 99,100. The reaction between sodium pyruvate and H2O2, however, yields non-radical 

products (see Eq. 2.9) and was, therefore, used to deconvolute the reaction kinetics of 

EBS with H2O2 and •OH. 

 

CH3COCOOH + H2O2 → CH3COOH + H2O + CO2 

          (Eq. 2.9) 

 

Dark experiments were conducted with EBS and H2O2 at pH 7.1. Upon collection, the 

samples were immediately mixed with 7.5 mM sodium pyruvate to quench the reaction; 

note, Figure A12 of Appendix A demonstrates that sodium pyruvate was an efficient 

quencher of residual H2O2. The pseudo-first-order reaction kinetics expression in Eq. 2.1 

was applied to calculate kEBS,H2O2

′′ , which was determined to be 79.8 ± 0.8 M-1 s-1. Using 

the calculated kEBS,H2O2

′′ and the second-order rate constant for sodium pyruvate 

quenching of H2O2 (i.e., 0.75 M-1 s-1 104), the quenching reaction was verified to be 95% 

efficient. Two different kEBS,H2O2

′′  values have been reported in the literature: 1100 M-1 s-1 

105; and, 4.83 M-1 s-1 106. The inconsistency in previously reported values might stem from 

interference by EBS transformation products during spectrophotometric analysis of EBS. 

In those studies, the normalized absorbance at 330 nm was linearly correlated to the 

normalized EBS concentration, and the second-order rate constant for EBS was 

calculated according to Eq. 2.1. Under the tested conditions, the reaction between EBS 

and H2O2 forms ebselen selenoxide 107, which interferes with spectrophotometric 

analyses (Figure A6 of Appendix A). This interference was not observed during the LC-
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MS/MS analysis used in the present study (see Figure A13 of Appendix A), providing 

higher confidence in the reported second-order rate constant.  

 

Competition kinetics experiments with pCBA were conducted to calculate the second-

order rate constants for •OH reaction with EBS and C-EBS. The observed degradation 

trends for direct photolysis at 254 nm, UV-H2O2 treatment, and (dark) reaction with H2O2 

are shown in Figure 2.4 (EBS and C-EBS) and Figure A14 in Appendix A (pCBA). In 

Figure 2.4, the reaction between EBS and H2O2 is negligible in the dark due to pyruvate 

quenching of residual H2O2. The second-order rate constants for EBS and C-EBS with 

•OH were calculated to be 4.33 (± 0.26) × 1010 M-1 s-1 and 1.76 (± 0.32) × 108 M-1 s-1, 

respectively, at pH 7.1. The high rate constant of EBS with •OH reinforces the reactivity 

of EBS with reactive oxygen species. The selenium atom enhanced the chemical 

reactivity by two orders of magnitude. Although kEBS,H2O2

′′
 (

 i.e., 79.8 ± 0.8 M-1 s-1) is 

orders of magnitude lower than the rate constants for EBS reaction with 1O2, 
•OH, and 

other reactive species, the H2O2 concentration was much higher. Therefore, the reaction 

of EBS with H2O2 during sample preparation (prior to irradiation) and after sample 

collection (during storage) can lead to inaccurate rate constants if a suitable H2O2 

scavenger is not used. 
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Figure 2.4. Degradation of 3.6 µM (a) EBS and (b) C-EBS at pH 7.1 for direct photolysis at 

254 nm, UV-H2O2 treatment (254 nm), and reaction with H2O2 in the dark. The initial H2O2 

concentrations were 5 µM for EBS and 5 mM for C-EBS to generate higher steady-state •OH 

concentrations. Due to its high reactivity with EBS, residual H2O2 was quenched by 7.5 mM 

sodium pyruvate for solutions in (a). The plotted symbols represent the mean of triplicate 

experiments, and the error bars are standard deviation. 

 

2.3.3 Interaction of EBS with reactive species quenchers 

The effects of select reactive species quenchers and scavengers on EBS photodegradation 

were evaluated. Since C-EBS is not a contaminant of interest, the confounding effects of 

reactive species quenchers and scavengers were not investigated. Figure 2.5a shows that 

when 0.5 mM sorbic acid was added to investigate the self-sensitized degradation of EBS 

at 365 nm and pH 6.8, the measured rate constant (i.e., 2.36 (± 0.49) × 10-4  s-1) was 

greater than the direct photolysis rate constant for EBS (i.e., 4.86 (± 1.00) × 10-5 s-1). 

With addition of sorbic acid, the observed rate constants for EBS degradation were 

expected to be similar (if no self-sensitization) or lower (if self-sensitization). The 

unexpected enhancement in EBS degradation kinetics can be explained by energy 

quenching from excited sorbic acid. Grebel et al. 108 indicated that sorbic acid can 

undergo direct photoisomerization at high concentrations due to a small overlap in the 
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sorbic acid absorbance spectrum (which extended beyond 310 nm) and the emission 

spectrum of lamps. Here, the lamp spectrum spanned 310-410 nm, and 0.5 mM sorbic 

acid was used. According to Grebel et al. 108, these conditions are expected to generate 

triplets in the experimental solutions. Moor et al. 73 reported the triplet excited energy of 

sorbic acid to be in the 187-217 kJ mol-1 range. As indicated in section 2.3.2.1,  EBS 

undergoes an energy transfer mechanism with 3RB2-*, which has a triplet excited energy 

of 171-176 kJ mol-1 68,91; therefore, a similar energy transfer reaction mechanism is 

expected to occur with sorbic acid triplets.  

 

 

Figure 2.5. Comparison of observed rate constants for EBS degradation at (a) 365 nm with 

0.5 mM sorbic acid and 50-100 mM isopropanol and (b) 254 nm with 5 µM H2O2 and 0, 10, 

50, and 100 mM tert-butanol. The solution pH was 6.8. Error bars represent 95% confidence 

intervals on the mean rate constant from triplicate time series experiments (n = 7 × 3 = 21). 

 

As suggested by Figure 2.5a, EBS reacted with isopropanol and active intermediates of 

isopropanol that was produced during irradiation. The rate constant for EBS degradation 

was dependent on the isopropanol concentration, with calculated values of 2.33 (± 0.26) 

× 10-4 s-1 and 4.81 (± 0.27) × 10-4 s-1 for 50 mM and 100 mM isopropanol, respectively. 
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The observed rate constants were one order of magnitude faster than direct photolysis of 

EBS at 365 nm (i.e., 4.86 (± 1.00) × 10-5 s-1). EBS also reacted with isopropanol in the 

dark, and the second-order rate constant was calculated to be 4.6 (± 1.2) × 10-4 M-1s-1. 

Packer et al. 74 reported similar observations with diclofenac and clofibric acid, namely 

isopropanol increased the photodegradation rate. Enhanced degradation of diclofenac and 

clofibric acid was attributed to active intermediates of isopropanol and photoreduction 

mechanisms 74. If EBS•+ is formed upon irradiation, hydrogen atom transfer from 

isopropanol might lead to secondary reactions between hydroxyisopropyl radicals and 

EBS 109.  

 

Figure A15 in Appendix A reports EBS degradation with 0, 1, and 10 mM NaN3 at pH 4, 

6, 8, and 10. These experiments were primarily designed to investigate the potential 

involvement of self-sensitized degradation of EBS at 254 nm and 365 nm with respect to 

the pH dependencies observed in section 2.3.1. At 365 nm, the addition of NaN3 

demonstrated no effect on EBS degradation. However, convoluted effects, similar to 

those reported for sorbic acid and isopropanol, were observed with NaN3 at 254 nm. In 

particular, EBS exhibited enhanced degradation in the presence of NaN3, and not the 

similar (if no self-sensitization) or lower (if self-sensitization) reaction rates that were 

expected. At pH 4, the addition of 1 mM and 10 mM NaN3 increased photodegradation 

rates of EBS by 1.4× and 2.5×, respectively, compared to the 0 mM NaN3 condition (see 

Figure A15 in the Appendix). At pH 10, the observed rate constants for EBS degradation 

in solutions containing 0, 1, and 10 mM NaN3 were 2.9×, 6.0×, and 20.1× faster, 

respectively, than for pH 4 solutions with 0 mM NaN3. Note that the apparent molar 
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absorption coefficient of NaN3 at 254 nm was 84.6 M-1 cm-1, and screening corrections 

were applied to the measured rate constants. Previous studies have reported azide radical 

(strong oxidant) formation through azide anion reaction with reactive oxygen species 

(e.g., 1O2, O2
⦁-, •OH) 89,110,111, potentially explaining the faster EBS rate constants 

observed at higher NaN3 concentrations. Future investigations are necessary to further 

deconvolute the observed reaction kinetics of EBS with NaN3, but these efforts were 

outside of the scope of this study. The reported findings suggest that NaN3 should be 

avoided when studying EBS degradation kinetics; note, these results are also relevant to 

biological systems where NaN3 is often used to inactivate microbial growth 111,112 .   

 

In the absence of H2O2, interactions between EBS and tert-butanol were not observed 

during irradiation experiments with 0 and 50 mM tert-butanol (p = 0.71, ANCOVA). In 

the UV-H2O2 process, however, enhanced degradation of EBS was observed when tert-

butanol was used as a •OH quencher. Schewe 54 and Kamigata et al. 113 suggested that the 

secondary organic radicals (e.g., R• and ROO•) formed by tert-butanol reaction with •OH 

would react with EBS. From Figure 2.5b, the observed rate constants for direct photolysis 

of EBS at 254 nm, UV-H2O2 treatment of EBS, and UV-H2O2 treatment of EBS in the 

presence of tert-butanol were 2.37 (± 0.20) × 10-3 s-1, 2.03 (± 0.13) × 10-2 s-1
, and 4.16 (± 

0.16) × 10-3 s-1, respectively. Three concentrations of tert-butanol, namely 10, 50, and 100 

mM, were used to ensure that the enhanced degradation was not from residual •OH. In all 

three cases, the observed rate constants were similar (see Figure 2.5b), suggesting 

efficient quenching of •OH by tert-butanol and confirming EBS reaction with secondary 

organic radicals.  
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The reported data highlight the complex photochemistry of organoselenium compounds, 

which are being increasingly used for pharmaceutical applications and represent unique 

contaminants of emerging concern. More studies on EBS occurrence in water resources 

and fate in biological and photochemical processes are needed to determine EBS 

persistence, and potential toxicity outcomes, in the environment. The fast 

phototransformation kinetics reported here suggest EBS does not persist in engineered or 

natural systems. However, conventional protocols would have overestimated EBS 

degradation because the chemicals used for sensitizing and quenching reactive species 

exhibited convoluted effects on EBS photodegradation due to generation of kinetically-

relevant active intermediates (i.e., isopropanol, NaN3, PN, RB, sorbic acid, tert-butanol) 

or direct reaction with EBS (i.e., H2O2, isopropanol). These complications stem from the 

antioxidant properties of organoselenium chemicals. RB- and PN-sensitized reactions 

were partially quenched with NaN3, but the quenching efficiency was lower at higher pH 

for both 1O2 sensitizers, potentially due to EBS reduction by O2
⦁-. The high reactivity of 

EBS with active intermediates will also affect the assessment of EBS degradation during 

photocatalysis 114, ozonation 114, and other processes involving reactive species. Overall, 

the complex reactions of EBS with commonly employed reactive species sensitizers, 

scavengers, and quenchers presented in this study will provide insight into future research 

of organoselenium chemicals in the environment. For the same reasons, EBS may serve 

as an advantageous quenching agent that can be adopted for a variety of reactive oxygen 

species.  
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 Photolysis of triphenyltin chemicals: determination of rate 

constants and prediction of photodegradation in different source waters 

 

Abstract 

Triphenyltin hydroxide (TPTH) is an organotin fungicide on the Environmental 

Protection Agency’s contaminant candidate list that causes endocrine disruption and 

developmental malformations in aquatic organisms. The objective of this study was to 

determine TPTH photodegradation mechanisms and kinetics in different water sources. 

For solar irradiation, direct photolysis of TPTH was negligible due to its low absorbance 

at wavelengths greater than 270 nm. Indirect photolysis of TPTH proceeded through 

reactions with photogenerated singlet oxygen (1O2), hydroxyl radicals (⦁OH), and excited 

triplet states of dissolved organic matter (3DOM*). The apparent second-order rate 

constants for TPTH reaction with 1O2 and 3DOM* were calculated to be (3.9 ± 0.5) × 106 

M-1 s-1 and (1.41 ± 0.06) × 106 M-1 s-1, respectively, at pH 7; note, the TPTH rate constant 

for reaction with ⦁OH was previously reported. Based on the calculated rate constants and 

typical reactive species concentrations in surface water, 1O2, ⦁OH, and 3DOM* were 

determined to be important reaction mechanisms for TPTH photodegradation. The 

measured rate constants were input to the Aqueous Photochemistry of Environmentally 

occurring Xenobiotics (APEX) photochemical model to predict TPTH photodegradation 

kinetics in surface water, wastewater effluent, stormwater, wetlands, and natural organic 

matter (NOM) extracts. The half-lives and pseudo-first-order rate constants for TPTH 

photodegradation were assessed as a function of DOM content and water depth for 1380 

different DOM sources. Under summertime irradiation conditions at mid-latitudes in 1 m 
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deep water with 5 mgC L-1 DOM, the median half-lives of TPTH followed the order: 

wetlands (60 sunny summer days, or SSD) < stormwater (74 SSD) < wastewater effluent 

(95 SSD) < NOM extracts (151 SSD) < surface water (157 SSD). Therefore, the DOM in 

water bodies subjected to TPTH contamination, namely agricultural wetlands, wastewater 

effluent, and harbors affected by stormwater runoff, facilitates relatively fast TPTH 

photodegradation. 

 

3.1 Introduction 

Triphenyltin chemicals are broadly used as fungicides and miticides in agriculture to 

protect beets, pecans, potatoes, rice, and other food crops 20,115,116. Along with butyltin 

compounds, triphenytins have been added to antifouling paints as non-target biocides that 

prevent the growth of algae and barnacles on ship hulls 117-119. Due to the toxic effects of 

organotins on marine organisms, the use of these chemicals in shipping paints has been 

banned in several locations, including the European Union, Japan, United States (US), 

and others 45,117. However, organotins, such as triphenyltin acetate (TPTA), triphenyltin 

chloride (TPTC), and triphenyltin hydroxide (TPTH), are still registered as fungicides by 

the US Environmental Protection Agency (EPA) and widely used as pesticides around the 

world 120. As a result of their legacy use in shipping paints and ongoing use as pesticides, 

triphenyltin compounds have been detected in surface water, sediment, and aquatic 

organisms 121,122. A recent survey by Gao et al. 123 identified triphenyltin concentrations 

as high as 11.3 ng Sn L-1 in the Three Gorges Reservoir (China), which serves as an 

important source of drinking and irrigation water. Harino et al. 124 reported 0.97 µg Sn 

kg-1 (dry weight) of triphenyltin in sediment from Otsuchi Bay, Japan. Triphenyltin levels 
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ranged from 0.3 to 3.1 µg Sn kg-1 (wet weight) in clams (Meretrix spp.) collected from 

coastal areas of Vietnam 125. These detections suggest that even after restricted use, 

triphenyltin chemicals are persistent in the environment and accumulate in the food web 

126. The occurrence of triphenyltins in the environment warrants investigation of critical 

knowledge gaps on the fate of these unique chemicals in water systems. 

 

Understanding the fate of triphenyltin compounds in the environment is essential because 

these chemicals cause developmental malformations and endocrine disruption, such as 

imposex in gastropods, fish, and frogs, at nanomolar concentrations 127-130. For example, 

in a 96-h exposure study with a marine copepod (Tigriopus japonicus), Yi et al. 131 

reported a half-maximal lethal concentration of 6.3 µg L-1 for TPTC. The authors also 

observed delayed development and reduced population growth in a chronic full-lifecycle 

experiment conducted with 1.0 µg L-1 of TPTC 131. Adding to these concerns, triphenyltin 

chemicals cause reproductive toxicity in mammals and are potential endocrine disruptors 

in humans 43. Recently, the US EPA added TPTH to the Contaminant Candidate List 4 47 

and recognized TPTH as a group B2 (probable human) carcinogen 47,120. These toxicity 

concerns reinforce the need to improve understanding of triphenyltin fate in aquatic 

systems to protect both ecological and human health. 

 

A few studies have explored the environmental fate of triphenytin compounds by 

hydrolysis 132,133, biodegradation 134, and phototransformation 135,136. Importantly, the 

literature has indicated that TPTA and TPTC undergo rapid hydrolysis to form TPTH 

132,133, suggesting that the environmental fate of the dominant triphenyltin chemicals can 
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be determined via targeted study of TPTH. Compared to biodegradation, 

phototransformation was identified as the faster degradation pathway for triphenyltins in 

surface water 117. However, previous studies did not identify the reaction mechanisms or 

deconvolute the apparent degradation kinetics 135-137. For these reasons, a detailed 

evaluation of the photochemical reaction mechanisms and kinetics is warranted to 

improve understanding of direct and indirect photolysis of triphenyltins in the 

environment.  

 

Given the various routes by which triphenyltin chemicals can enter environmental 

systems (e.g., direct release from antifouling paints, agricultural runoff, wastewater 

effluent, landfill leachate, and stormwater), the photochemistry of the water source also 

plays a significant role in the fate of organtin chemicals. Dissolved organic matter 

(DOM) present in the source water affects the fate and transport of aquatic contaminants 

through a variety of processes 91. Upon irradiation, a number of photochemically 

generated reactive intermediates, such as excited triplet states of DOM (3DOM*), singlet 

oxygen (1O2), and hydroxyl radicals (⦁OH), are produced from DOM or other constituents 

(e.g., nitrate/nitrite) 8,138. The yield of these reactive species depends on the DOM 

content, DOM composition, and other water quality parameters (e.g., nitrite (NO2
–), 

nitrate (NO3
–), bicarbonate (HCO3

–), and carbonate (CO3
2–) concentrations) that differ 

between water sources 139,140. Photochemically generated reactive species can degrade 

organometallic chemicals 8,9,53, but the degradation kinetics of triphenyltin compounds 

with 3DOM*, 1O2, and ⦁OH, and the corresponding influence of source water 

photochemistry, have not been established.  
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To fill these knowledge gaps, photochemical experiments and the Aqueous 

Photochemistry of Environmentally occurring Xenobiotics (APEX) model were 

cohesively employed to investigate the reaction mechanisms and degradation kinetics of 

triphenyltin chemicals in different source waters. The overall goals of this study were as 

follows: (1) determine the phototransformation kinetics of TPTH by measuring the direct 

photolysis quantum yield and second-order rate constants for reaction with 1O2, ⦁OH, and 

3DOM*; (2) employ the APEX model to predict the photochemical fate of TPTH and 

calculate the half-lives (t½) and pseudo-first-order rate constants (𝑘app,TPTH
′ ) of TPTH in 

surface water, wastewater effluent, stormwater, wetlands, and natural organic matter 

(NOM) extracts; and, (3) identify the influence of source water photochemistry and the 

overall contributions of direct photolysis, 1O2, ⦁OH, and 3DOM* to TPTH degradation. 

The outcomes of this study will improve understanding of TPTH fate in water sources 

impacted by both point (e.g., harbors containing triphenyltin from antifouling paint, 

wastewater effluent) and non-point sources (e.g., agricultural runoff into wetlands and 

streams).  

 

3.2 Material and Methods 

3.2.1 Chemicals and materials 

TPTA (> 96%), TPTC (> 95%), and TPTH (> 98%) were purchased from Sigma-Aldrich 

(St. Louis, MO, USA), and a 1 g L-1 stock solution was generated for each triphenyltin in 

high-performance liquid chromatography (HPLC) grade methanol. Sodium phosphate 

monobasic monohydrate (> 98%), sodium phosphate dibasic heptahydrate (> 98%), and 
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sodium phosphate tribasic dodecahydrate (> 98%) were obtained from Fisher Scientific 

(Hampton, NH, USA) and used to control the pH of experimental solutions. A number of 

other chemicals were acquired for use in photochemical experiments: furfuryl alcohol (> 

95%) from Fisher Scientific; and, 4-benzoylbenzoic acid (99%, CBBP), Rose Bengal 

(88%), and sodium anthraquinone-2-sulfonate (> 98%, AQ2S) from Sigma-Aldrich.  

 

3.2.2 Analytical methods 

TPTA, TPTC, and TPTH were analyzed by liquid chromatography with triple quadrupole 

tandem mass spectrometry (LC-MS/MS; Thermo UltiMate 3000 with Quantum Access 

Max). Samples (10 µL) were injected onto a Waters Symmetry C18 column (2.1×150 

mm, 3.5 μm) maintained at 40 °C. The isocratic mobile phase was comprised of a 40:60 

(v/v) mixture of (A) 0.1% formic acid in LC-MS-grade water and (B) LC-MS-grade 

methanol with 0.1% formic acid. The flow rate was 200 µL min-1. The electrospray 

ionization unit was operated in positive mode for TPTA, TPTC, and TPTH. Other 

MS/MS operating parameters for TPTA, TPTC, and TPTH analysis were as follows: 

capillary temperature, 270 °C; spray voltage, 3000 V; sheath gas pressure, 40 (arbitrary 

units); auxiliary gas pressure, 15 (arbitrary units); and, collision gas (argon) pressure, 1.5 

Torr. The monitored ion transitions for TPTA, TPTC, and TPTH were 383.01 → 350.9, 

383.01 → 350.9, and 383.01 → 350.9, respectively; note, the ion transitions for TPTA, 

TPTC, and TPTH are identical because TPTA and TPTC underwent rapid hydrolysis to 

form TPTH in solution 117. 
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Furfuryl alcohol was analyzed by HPLC with UV absorbance detection (HPLC-UV; 

Thermo UltiMate 3000) at 220 nm. The sample injection volume was 50 µL, and the 

mobile phase flow rate was maintained at 600 µL min-1. The method employed an 

isocratic mobile phase consisting of a 25:75 (v/v) mixture of (A) HPLC-grade methanol 

with 0.1% formic acid and (B) HPLC-grade water with 0.1% formic acid. 

Chromatographic separation was carried out on an Accucore C18 column (4.6×150 mm, 

2.6 µm) maintained at 40 °C. The retention time of furfuryl alcohol was 6.6 min.  

 

3.2.3 Photochemical experiments 

Given the fate of other organometallic contaminants in surface water systems 8,53, the 

photodegradation mechanisms for TPTH were expected to involve direct photolysis and 

indirect photolysis by 1O2, ⦁OH, and 3DOM*. A Rayonet reactor equipped with bulbs 

emitting light in the 310-410 nm range (and centered at 365 nm) was used to evaluate the 

direct photolysis, 1O2, and 3DOM* kinetics; note, the reaction kinetics of TPTH with ⦁OH 

were determined as described in Chapter 4 and, therefore, not included here. The 310-410 

nm range represents the energetic domain of sunlight responsible for degradation of 

organic contaminants in surface water. The average incident photon flux was calculated 

to be 1.9 (± 0.2) × 10-5 Ein L-1 s-1 with the ferrioxalate actinometer 75. Direct photolysis 

solutions (10 mL) contained 2.7 µM TPTH and 5 mM phosphate buffer (pH 7.0 ± 0.2) in 

deionized (DI) water. Dark controls were included to correct for potential hydrolysis 

reactions. All experiments were carried out at room temperature (22 ± 1 °C). 

Experimental samples were collected at predetermined times, added to amber LC vials, 

and stored at -20 °C before analysis. 
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The photochemical reactivity of TPTH with 1O2 was determined by competition kinetics 

in solutions containing the Rose Bengal photosensitizer and the furfuryl alcohol probe 

molecule. The experimental solutions initially contained 2.7 µM TPTH, 30 µM Rose 

Bengal, 200 µM furfuryl alcohol, and 5 mM phosphate buffer (pH 7.0 ± 0.2) in DI water. 

The steady-state 1O2 concentration (i.e., [1O2]ss) and second-order rate constant for TPTH 

reaction with 1O2 (𝑘 O2,TPTH1
′′ ) were determined according to Eq. 3.1 and Eq. 3.2, 

respectively. 

 

[ O2
1 ]

ss
=

𝑘obs,FFA
′

𝑘
O2,FFA1

′′  

          (Eq. 3.1) 

𝑘
O2,TPTH1

′′ =  
𝑘obs,TPTH

′

[ O2
1 ]

ss

 

          (Eq. 3.2) 

 

In Eq. 3.1-3.2, 𝑘obs,FFA 
′ (s-1) and 𝑘obs,TPTH 

′ (s-1)  are the observed pseudo-first-order rate 

constants for furfuryl alcohol and TPTH degradation, respectively, and 𝑘
O2,FFA1

′′  is the 

second-order rate constant for furfuryl alcohol reaction with 1O2 (1.0×108 M-1 s-1 76). 

 

CBBP and AQ2S were used as surrogates to determine the second-order rate constant for 

TPTH reaction with 3DOM*. CBBP has a reduction potential of 1.8 VSHE, which is 

representative of typical DOM sources (1.4-1.9 VSHE) 140; however, CBBP produces 
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potentially interfering transients upon irradiation. To confirm the role of 3DOM*, laser 

flash photolysis 53,87 was used to measure 3CBBP* quenching by TPTH. Prior to laser 

flash photolysis, 2 mL of 100 µM CBBP in 5 mM phosphate-buffered DI water at pH 7.0 

± 0.1 was sparged with argon for 15 min to remove dissolved oxygen. Selective 

excitation of CBBP was carried out at 355 nm, where TPTH does not absorb, and the 

time-dependent change in absorbance of 3CBBP* was monitored at 550 nm. Aliquots (10 

µL) of TPTH in 50% acetonitrile were added to the CBBP solution to achieve a total 

concentration of 90 µM. To avoid photobleaching, the CBBP solution was replaced for 

every sequential increase in TPTH concentration. The 550-nm decay traces of 3CBBP* 

were fit to an exponential model to determine the pseudo-first-order decay constant 

(𝑘
CBBP∗3

′ ) for each TPTH concentration 87,142. The second-order rate constant for 3CBBP* 

quenching by TPTH was calculated using a Stern-Volmer plot. 

 

The reactivity of TPTH with 3AQ2S* was evaluated by irradiating 3-24 µM TPTH and 

100 µM AQ2S in phosphate-buffered DI water at pH (7.0 ± 0.2). In this solution, AQ2S 

was the primary light-absorbing molecule, because TPTH exhibited minimal absorbance 

above 270 nm. Therefore, the photon flux according to AQ2S (IAQ2S, Ein L-1 s-1) can be 

calculated using Eq. 3.3 143.  

 

IAQ2S = ∫ I0(λ)[1 − 10−εAQ2S (λ) ℓ [AQ2S]]dλ
λ=410 nm

λ=310 nm

 

          (Eq. 3.3) 
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In Eq. 3.3, I0(λ) is the net photon flux (Ein L1 s-1) determined by ferrioxalate 

actinometry, εAQ2S (λ) is the apparent molar absorption coefficient of AQ2S (M-1 cm-1), 

and ℓ is the optical pathlength (cm). 

 

Under steady-state conditions, the rate of formation of 3AQ2S* (R AQ2S∗3 , M s-1) is equal 

to the product of IAQ2S and the quantum yield of triplet formation (ϕ AQ2S∗3  = 0.18 mol 

Ein-1 143), as shown in Eq. 3.4. 

 

R AQ2S∗3 =  ϕ AQ2S∗3  IAQ2S 

(Eq. 3.4) 

 

The 3AQ2S* species quickly reacts with water, and the deactivation rate constant 

(𝑘
AQ2S∗3 ,H2O

′ ) is 1.1×107 s-1 143. As a result, TPTH must compete with H2O for reaction 

with 3AQ2S*. The rate of TPTH transformation by 3AQ2S* (R AQ2S∗3 ,TPTH) can, 

therefore, be expressed by Eq. 3.5. 

 

R AQ2S∗3 ,TPTH =  ϕ AQ2S∗3  IAQ2S (
𝑘

AQ2S∗3 ,TPTH
′′  [TPTH]

𝑘
AQ2S∗3 ,H2O

′ +  𝑘
AQ2S∗3 ,TPTH

′′  [TPTH] 
) 

          (Eq. 3.5) 

 

In Eq. 3.5, 𝑘
AQ2S∗3 ,TPTH

′′  is the second-order rate constant for TPTH reaction with 

3AQ2S*.  
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Due to the much higher concentration of H2O in the experimental solutions, 𝑘
AQ2S∗3 ,H2O

′  

was assumed to be much greater than (𝑘
AQ2S∗3 ,TPTH

′′  [TPTH]), allowing simplification of 

Eq. 3.5 to Eq. 3.6. Then, the second-order rate constant for TPTH reaction with 3AQ2S* 

was calculated as the slope of R AQ2S∗3 ,TPTH vs. (
ϕ

AQ2S∗3  IAQ2S 

𝑘
AQ2S∗3 ,H2O

′  
 [TPTH]) 143. 

 

R AQ2S∗3 ,TPTH =  𝑘
AQ2S∗3 ,TPTH

′′ (
ϕ AQ2S∗3  IAQ2S 

𝑘
AQ2S∗3 ,H2O

′  
 [TPTH]) 

(Eq. 3.6) 

 

3.2.4 Photochemical modeling 

TPTH phototransformation was estimated for different source waters using the freely 

available APEX model 144, which has been validated for a number of organic 

contaminants 145-148. The APEX model predicts the photochemical half-life, pseudo-first-

order degradation rate constant, and contribution of each reaction pathway (e.g., direct 

photolysis, 1O2, ⦁OH, 3DOM*) for an organic contaminant as a function of water 

chemistry (e.g., DOM, NO2
–, NO3

–, HCO3
–, and CO3

2– concentrations) and depth. APEX 

uses the spectral photon flux density for a fair-weather July 15 day at 45° N latitude 

(defined as a sunny summer day, SSD) and a UV irradiance of 22 W m-2. The outputs are 

averaged over the water column depth entered by the user.  
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The TPTH-specific input parameters included the molar absorption spectrum (WS1 in the 

SI), direct photolysis quantum yield (negligible for TPTH due to minimal absorbance 

above 270 nm), and the second-order rate constants with reactive species (measured 

according to protocols in Section 3.2.3). The main system input parameters, namely the 

quantum yields of 1O2 (ϕ O2
1 ), ⦁OH (ϕ⦁OH), and 3DOM* (ϕ DOM∗3 ), were obtained for 

whole waters and NOM extracts from the database published by Wasswa et al. 139. The 

other water quality parameters were selected based on typical concentrations available 

from literature: 10-6 M NO2
–; 10-4 M NO3

–; 10-3 M HCO3
–; and, 10-5 M CO3

2– 140,143,146. 

Note, the bicarbonate/carbonate ratio was approximated by considering an air-

equilibrated water system at pH 7.5. To facilitate comparison of TPTH 

phototransformation kinetics in water sources with different DOM, the water quality 

parameters were maintained at the aforementioned concentrations for all model runs. For 

each DOM source, the photochemical degradation kinetics of TPTH were assessed as a 

function of two independent variables, namely DOM concentration (1-20 mgC L-1) and 

water column depth (1-5 m). 

 

3.3 Results and Discussion 

3.3.1 Direct and indirect photolysis of TPTH  

For direct photolysis to occur, the absorption of TPTH must overlap with the lamp’s 

emission spectrum (i.e., 310-410 nm). Figure B16 in Appendix B shows that TPTH 

exhibited low molar absorption coefficients (< 10 M-1 cm-1) above 270 nm. In addition, a 

24-h irradiation experiment in DI water revealed negligible TPTH degradation (Figure 
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B17 in Appendix B). Based on these results, direct photolysis of TPTH was not 

considered to be a kinetically relevant degradation mechanism.  

 

Indirect photolysis by photogenerated reactive species, such as 1O2, ⦁OH, and 3DOM*, 

often controls the fate of organic contaminants in surface water 91,149. To measure the 

second-order rate constant for TPTH reaction with 1O2, the Rose Bengal sensitizer and 

furfuryl alcohol probe molecule were added to experimental solutions. Using the data in 

Figure 3.1 with Eq. 3.1-3.2, k
O2,TPTH1

′′  was calculated to be (3.9 ± 0.5) × 106 M-1 s-1 at pH 

7.0 ± 0.2. Similar second-order rate constants have been reported for degradation of other 

pesticides with 1O2: 5 × 106 M-1 s-1 for amicarbazone (triazole herbicide) 148; (5.5 ± 0.5)  × 

106 M-1 s-1 for imidacloprid (neonicotinoid pesticide); and, (1.3 ± 1.0)  × 106 M-1 s-1 for 

acetamiprid (neonicotinoid pesticide) 93. These rate constants are considered to be slow 

for typical environmental conditions 148,150. As environmental concentrations of 1O2 

typically range from 10-14 to 10-12 M 139,151, the contribution of 1O2 to TPTH degradation 

was (3.9–390) × 10-8 s-1. Therefore, the half-life of TPTH is 2-205 d due to reaction with 

photochemically generated singlet oxygen.  
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Figure 3.1. Observed degradation of TPTH and furfuryl alcohol (FFA) for irradiation at 

365 nm. The experimental solutions initially contained 2.7 µM TPTH, 30 µM Rose Bengal, 200 

µM FFA, and 5 mM phosphate buffer (pH 7.0 ± 0.2). The slopes (observed rate constants, solid 

lines) obtained from this plot were used to calculate the second-order rate constant for TPTH with 
1O2 (see Eq. 3.1-3.2). The dashed lines represent the upper and lower 95% confidence limits. 

 

As reported in Chapter 4, the second-order rate constant for TPTH reaction with ⦁OH was 

(7.81 ± 0.37) × 108 M-1 s-1. A wide range of second-order rate constants for degradation 

of other pesticides with ⦁OH has been reported in the literature: carbamates and 

thiocarbamates, 8.5 × 108–1.3 × 1010 M-1 s-1; chlorophenoxy pesticides, 1.6 × 109 – 3.8 × 

1010 M-1 s-1; organochlorines, 3.6-8.6 ×109 M-1 s-1; and, triazines, 3.0 × 107–1.0 × 1010 M-

1 s-1 152. The rate constant for TPTH overlaps with other pesticides, indicating similar 

reactivity. While the rate constant reported for TPTH suggests the rapid degradation of 

TPTH by ⦁OH, the steady-state concentrations of ⦁OH in surface water are relatively low 

(e.g., 10-17 to 10-15 M 139,153), resulting in pseudo-first-order rate constants of (7.81–781) 

× 10-9 s-1. Therefore, TPTH degradation by ⦁OH is an order of magnitude slower than by 
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1O2, which is reinforced by the 10-1027 d half-life of TPTH for reaction with 

photochemically generated ⦁OH.  

 

The reactivity of TPTH with 3DOM* was assessed using CBBP and AQ2S as DOM 

surrogates. CBBP, which is an aromatic ketone with a triplet reduction potential of 1.8 

VSHE, has been demonstrated to be a representative proxy for 3DOM* 91,154. Using laser 

flash photolysis, the decay of 3CBBP* was monitored in the presence of variable TPTH 

concentrations; however, the measured first-order decay rate constant (𝑘
CBBP∗3

′ ) exhibited 

no dependence on TPTH concentration (Figure 3.2a and Figure B18 of Appendix B). This 

result suggests that TPTH did not react with 3CBBP*, because the increasing TPTH 

concentration would have otherwise resulted in quicker quenching of 3CBBP*. Wenk et 

al. 155 reported a similar phenomenon for DOM reaction with 3CBBP*; however, their 

explanation involved electrostatic repulsion of DOM and 3CBBP*, which was not 

expected in this case since TPTH is neutral at pH 7. Given these results, AQ2S was used 

to further assess and confirm the reactivity of TPTH with 3DOM*.  
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Figure 3.2. TPTH reaction with (a) 3CBBP* and (b) 3AQ2S*. The Stern-Volmer plot in (a) 

shows the decay rate constant of 3CBBP* as a function of TPTH concentration. Solutions 

containing 100 µM CBBP in 5 mM phosphate buffer (pH 7.0) were irradiated with light at 355 

nm. Prior to irradiation, the solutions were bubbled with argon gas for 15 min to eliminate 

dissolved oxygen and prevent formation of other transient species. The second-order rate constant 

for TPTH reaction with 3CBBP* was not calculated due to the absence of a linear relationship 

between the observed rate constant for 3CBBP* decay and TPTH concentration. Error bars 

represent the 95% confidence for the exponential decay fit to the transient absorbace data shown 

in Figure B3. In (b), the initial degradation rates of TPTH (𝐑 𝐀𝐐𝟐𝐒∗𝟑 ,𝐓𝐏𝐓𝐇) were used to solve for 

the second-order rate constant of TPTH with 3AQ2S*. The initial TPTH concentrations ranged 

from 3 to 24 µM, and the solution pH was adjusted to 7.0 ± 0.1 with 5 mM phosphate buffer. The 

experimental solutions contained 100 µM AQ2S and were irradiated with light at 365 nm. The 

solid line is the mean slope of the aggregate data, and the dashed lines represent the upper and 

lower 95% confidence limits. 

 

AQ2S contains a quinone moiety, which is abundant in natural DOM matrices and plays 

a critical role in the photochemistry of 3DOM* 156,157. Unlike other triplet sensitizers (e.g., 

CBBP, perinaphthenone, riboflavin), AQ2S does not generate reactive oxygen species 

during irradiation 158. Instead, 3AQ2S* reacts with water to form adducts that decompose 

into hydroxyderivatives without producing ⦁OH. The 3AQ2S* reaction with water 

outcompetes oxygen quenching, thereby preventing 1O2 formation 143,157. Given this 

chemistry, the reaction kinetics of TPTH degradation by 3AQ2S* were assessed in bulk 

solution. Figure 3.2b shows the initial rate of TPTH (3-27 µM) degradation in solutions 
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containing 100 µM AQ2S at pH (7.0 ± 0.1) for irradiation at 365 nm. The slope of the 

plot corresponds to the second-order rate constant for TPTH reaction with 3AQ2S*, 

namely (1.41 ± 0.06) × 106 M-1 s-1. Note, this rate constant satisfied the assumption, 

(𝑘
AQ2S∗3 ,TPTH

′′  [TPTH]) ≪ 𝑘
AQ2S∗3 ,H2O

′ , that was applied to simplify Eq. 3.5 to Eq. 3.6. 

Carena et al. 140 determined the second-order rate constant of atrazine (herbicide) with 

3AQ2S* to be (1.43 ± 0.07) × 109 M-1 s-1, which is three orders of magnitude higher than 

the rate constant determined for TPTH, indicating slow reactivity of TPTH with 3DOM*. 

Given typical steady-state 3DOM* concentrations (10-14 to 10-12 M 91) in surface water, 

the pseudo-first-order rate constant for TPTH with 3DOM* was (1.41–141) × 10-8 s-1, 

similar to the 1O2 contribution. Therefore, the half-life of TPTH is 6-568 d due to reaction 

with photochemically generated triplet excited 3DOM*. 

 

The apparent photodegradation rate constant for TPTH can be written according to Eq. 

3.7 138. By substituting the calculated second-order rate constants and the typical steady-

state concentrations of 1O2 (10-13 M), ⦁OH (10-16 M), and 3DOM* (10-13 M) in surface 

water, the apparent first-order rate constant for TPTH degradation was estimated for a 

typical water in Eq. 3.8. 

 

𝑘app,TPTH
′ = 𝑘

O2,TPTH1
′′  [ O2

1 ]
ss

+ 𝑘·OH,TPTH
′′  [·OH]ss + 𝑘

DOM∗,TPTH3
′′  [ DOM∗]3

ss 

          (Eq. 3.7) 

 

𝑘app,TPTH
′ = 3.90 × 10-7 s-1 + 7.81 × 10-8 s-1 + 1.41 × 10-7 s-1 = 6.09 × 10-7 s-1 

          (Eq. 3.8) 
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According to previous studies for other organic contaminants 150,159, the pseudo-first-

order rate constant (i.e., 6.09 × 10-7 s-1) indicates that TPTH photodegradation is 

relatively slow in the environment. Based on the similar magnitude of the three terms in 

Eq. 3.8, all three reactive species are expected to be involved with TPTH degradation in 

surface water. However, the steady-state concentrations of 1O2, ⦁OH, and 3DOM* are 

highly dependent on the source water quality and the corresponding DOM concentration 

and composition. The aforementioned rate constants were, therefore, employed in the 

APEX model to evaluate the impacts of DOM source and content on the overall 

photodegradation kinetics of TPTH in real waters.  

 

3.3.2 Photochemical modeling of TPTH degradation in different source waters 

The negligible direct photolysis and relatively slow indirect photolysis of TPTH pose 

logistical challenges to comprehensive laboratory studies on the photochemical half-life 

of TPTH in different source waters. For this reason, APEX model simulations were run to 

inform TPTH photodegradation kinetics at different water quality conditions. This 

approach was supported by previous efforts, which highlighted the ability of APEX to 

accurately estimate the photodegradation kinetics of slow-reacting organic contaminants 

with acceptable uncertainty 148,158,160. The APEX model requires the user to input the 

quantum yields of formation for 1O2, ⦁OH, and 3DOM*. These parameters are a function 

of the DOM matrix, which is a complex mixture of chromophores that differs according 

to source, season, and water chemistry 161. The photochemical reactivity of 3DOM* is also 

highly variable between sources, mainly due to differences in excited state energies, 
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redox potentials, and surface charge conditions 149. These properties also affect the 

production and steady-state concentrations of 1O2 and ⦁OH 162. Fortunately, Wasswa et al. 

139 compiled an extensive body of literature on the quantum yields of 1O2, ⦁OH, and 

3DOM* for over 1308 whole waters and NOM extracts. These parameters were used to 

run model simulations for TPTH photodegradation in real source waters. 

 

Using the data from Wasswa et al. 139, the quantum yields for the three reactive species 

were plotted as box-and-whisker diagrams in Figure B19 of Appendix B for surface 

water, wastewater effluent, stormwater, wetlands, and NOM extracts. Several individual 

sources contained quantum yields for all three reactive species; however, the values of 

ϕ O2
1  (535/1308), ϕ⦁OH (928/1308), or ϕ DOM∗3  (412/1308) were missing for many 

source waters. Because 3DOM* transfers energy to molecular oxygen to produce 1O2 

139,155,163, the ϕ O2
1  and  ϕ DOM∗3  parameters demonstrated a strong correlation (Figure 

B20 in Appendix B). For this reason, any missing ϕ O2
1  or  ϕ DOM∗3  values from the 

Wasswa et al. 139 dataset were estimated by linear correlation. No convincing correlations 

were observed for ϕ⦁OH with ϕ O2
1  or ϕ DOM∗3  (Figure B21 in Appendix B), presumably 

due to the presence of other ⦁OH precursors and variable scavenger concentrations 

between the source waters 155. Given the relatively narrow range of ϕ⦁OH, missing values 

from the Wasswa et al. 139 dataset were estimated using the median ϕ⦁OH for each source 

water type. The resultant distribution of the quantum yields of 1O2, ⦁OH, and 3DOM* are 

given as 10th, 50th, and 90th percentiles in Table 3-1. Wetlands demonstrated the highest 

median ϕ O2
1  (6.39 × 10-2 mol Ein-1), stormwater had the highest median ϕ DOM∗3  (4.83 × 

10-2 mol Ein-1), and wastewater effluent exhibited the highest median ϕ⦁OH (80.6 × 10-6 
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mol Ein-1). NOM extracts had the lowest median ϕ DOM∗3  (1.92 × 10-2 mol Ein-1) and 

ϕ O2
1 (2.00 × 10-2 mol Ein-1), whereas the lowest median ϕ⦁OH was reported for surface 

water (11.90 × 10-6 mol Ein-1). These values suggest that indirect photolysis of TPTH will 

be fastest in wetlands, stormwater, and wastewater effluent. 

 

Table 3-1. The distribution of reactive species quantum yields, pseudo-first-order rate 

constants, and half-lives of TPTH in different water sources. The quantum yields were 

determined from the dataset reported by Wasswa et al. 139. The pseudo-first-order rate constants 

(𝒌𝐚𝐩𝐩,𝐓𝐏𝐓𝐇
′ ) and half-lives (t1/2) for TPTH were estimated by APEX for 1 m water depth and 5 

mgC L-1 DOM.  

 

Water source Percentile 
𝛟

𝐎𝟐
𝟏  

(×10-2 mol Ein-1) 

𝛟
𝐃𝐎𝐌∗𝟑  

(×10-2 mol Ein-1) 

𝛟
⦁𝐎𝐇

 

(×10-6 mol Ein-1) 

𝑘app,TPTH
′   

(×10-3 SSD-1) 

t1/2 

(SSD) 

Surface water 
10 0.98 0.76 4.32 2.20 315 
50 2.26 2.37 11.9 4.41 157 
90  4.48 5.57 139 11.1 62.5 

Wastewater 

effluent 

10 0.55 0.93 20.1 2.07 335 

50 3.24 2.18 80.6 7.29 95.1 

90  7.38 7.07 468 23.1 30.0 

Wetlands 

10 1.92 1.86 46.6 4.69 148 

50 6.39 4.43 63.8 11.5 60.4 

90  9.45 8.00 92.0 16.9 40.9 

Stormwater 
10 3.81 2.58 28.8 6.87 101 

50 5.07 4.83 41.0 9.31 74.4 

90  6.61 7.42 64.9 12.5 55.5 

NOM extract 
10 0.46 0.74 14.6 1.78  391 

50 2.00 1.92 37.2 4.58  151 
90  6.87 4.10 74.5 12.3  56.5 
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3.3.2.1 Modeled half-lives and rate constants of TPTH 

The photochemical reaction kinetics of TPTH were modeled as a function of water depth 

and DOM concentration for fixed water chemistry conditions (i.e., 10-6 M NO2
–, 10-4 M 

NO3
–, 10-3 M HCO3

–, and 10-5 M CO3
2–). Predicted half-lives of TPTH using individual 

quantum yields are reported in Figure B22. And the calculated half-lives and pseudo-

first-order rate constants of TPTH are reported in Figure 3.3 for each source. Using the 

median quantum yields for 1O2, ⦁OH, and 3DOM* in Table 3-1 with a 1 m water depth and 

5 mgC L-1 DOM, the TPTH half-lives followed the order: wetlands (60 SSD) < 

stormwater (74 SSD) < wastewater effluent (95 SSD) < NOM extracts (151 SSD) < 

surface water (157 SSD). These findings suggest that TPTH will degrade faster in 

wetlands, as well as stormwater- and wastewater effluent-impacted systems, than in 

surface water. The modeled half-lives of TPTH in surface water sources closely matched 

those of NOM extracts, suggesting that laboratory studies with NOM extracts may 

underestimate TPTH degradation in areas affected by stormwater runoff or wastewater 

effluent. To simulate shallow rivers and the epilimnion of lakes, TPTH photodegradation 

kinetics were modeled at 1- and 5-m depths, respectively 160. The half-life of TPTH 

increased with water column depth for all cases due to decreased light penetration (Figure 

3.3).  

 

The half-lives and pseudo-first-order rate constants of TPTH exhibited a strong 

dependence on DOM concentration, which directly influenced the steady-state 

concentrations of reactive species. In general, the pseudo-first-order rate constant of 

TPTH (i) decreased as the DOM concentration changed from 1 mgC L-1 to 3 mgC L-1 and 
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(ii) increased as the DOM concentration changed from 3 mgC L-1 to 15 mgC L-1 (Figure 

3.3). Two primary factors contributed to these observed trends. First, DOM serves as both 

precursor and scavenger of ⦁OH 164; therefore, as the DOM concentration increases, the 

⦁OH scavenging rate will begin to outcompete the ⦁OH formation rate 146. Second, the 

steady-state concentrations of 1O2 and 3DOM* increase with DOM concentration 146, 

enhancing the overall TPTH photodegradation kinetics at higher DOM concentrations. 

Due to these phenomena, the apparent pseudo-first-order rate constants of TPTH varied 

with DOM content for the five water sources. For example, in water with 15 mgC L-1 

DOM, the pseudo-first-order rate constants of TPTH in stormwater (1.5 × 10-2 SSD-1) and 

wetlands (1.8 × 10-2 SSD-1) were 1.3-1.7× higher than in surface water (6.6 × 10-3 SSD-1), 

see Figure 3.3. This result mostly stems from the ϕ O2
1  parameter. As indicated in Table 

3-1, the ϕ O2
1  values for stormwater and wetlands were 1.2-1.8× higher than of surface 

water, respectively. Similar effects were documented for 3DOM* (Figure 3.3). For 

stormwater and wetlands, the enhanced photodegradation of TPTH by 1O2 and 3DOM* 

overcame the decreased contribution from ⦁OH. However, similar compensating 

phenomena were not observed for surface water and NOM extracts due to the lower 

ϕ O2
1 and ϕ DOM∗3  values. These findings highlight the importance of 1O2 reactions to 

photodegradation of TPTH in (agricultural) wetlands, wastewater effluent, and 

stormwater-influenced harbors.  
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Figure 3.3. The modeled half-lives (left column) and pseudo-first-order rate constants (right 

column) for TPTH photodegradation in (a) surface water, (b) wastewater effluent, (c) 

stormwater, (d) wetlands, and (e) NOM extracts as a function of DOM concentration. The 

half-lives were evaluated for water depths of 1-5 m. The TPTH rate constants were modeled 

using the median quantum yields of 1O2, ⦁OH, and 3DOM* reported in Table 3-1 and a water 

depth of 1 m. Other water chemistry parameters were as follows: 10-6 M NO2
–; 10-4 M NO3

–; 10-3 

M HCO3
–; and, 10-5 M CO3

2–. The rate constants correspond to a UV irradiance of 22 W m-2 at 

45 °N latitude in mid-July.  
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3.3.2.2 Contribution of each indirect photolysis mechanism to TPTH transformation 

Figure 3.4 reports the percent of TPTH degradation attributed to 1O2, ⦁OH, and 3DOM* 

for the five different water sources with 1, 5, and 10 mgC L-1 and a 1 m water depth. The 

⦁OH contributions were high for all water sources at 1 mgC L-1 and followed the order: 

wetlands (65%) < stormwater (67%) < surface water (78%) < wastewater effluent (80%) 

< NOM extracts (83%). Interestingly, these values did not follow the order of median 

ϕ⦁OH values reported in Table 3-1, but rather followed ϕ O2
1 values. This observation 

could be explained by the highlights made in Section 3.3.2.1, i.e., with increasing DOM 

concentration, hydroxyl radical contribution decreased compensated by increased 

contributions from 1O2 and 3DOM*. At 5 mgC L-1 and 10 mgC L-1, the 1O2 reaction was 

the most important pathway, accounting for 60-81% of TPTH degradation in all water 

sources. The corresponding contributions of the ⦁OH and 3DOM* mechanisms were 7-

32% and 7-13%, respectively. These findings reinforced the importance of 1O2 for 

indirect photolysis of TPTH in environmental waters. Contrary to predicted half-lives of 

TPTH, water depth did not greatly influence the percent contribution of each reaction 

mechanism (Figure B22 in Appendix B).  
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Figure 3.4. The percent contributions of 1O2, ⦁OH and 3DOM* to TPTH photodegradation in 

different water sources with 1, 5, and 10 mgC L-1 at 1 m water depth. These results were 

computed for solutions containing 10-6 M NO2
–, 10-4 M NO3

–, 10-3 M HCO3
–, and 10-5 M CO3

2–. 

 

3.4 Conclusion 

This study confirmed that (i) direct photolysis of triphenyltin chemicals is negligible and 

(ii) 1O2, ⦁OH, and 3DOM* all contribute to indirect photolysis of TPTH. The second-order 

rate constants for TPTH reaction with 1O2 (k O2,TPTH1
′′  = (3.9 ± 0.5) × 106 M-1 s-1) and 

3DOM* (𝑘
AQ2S∗3 ,TPTH

′′  = (1.41 ± 0.06) × 106 M-1 s-1) were experimentally determined and 

reported for the first time. The calculated second-order rate constants suggested that all 

three reactive species were important to TPTH degradation in surface water. These rate 

constants, along with published quantum yields for 1O2, ⦁OH, and 3DOM* in 1308 

different source waters, enabled APEX simulations to predict TPTH photodegradation 

kinetics. The model predictions highlighted the importance of ⦁OH in waters with 1-3 

mgC L-1 DOM and 1O2 in waters with 3-15 mgC L-1 DOM. The results of extensive APEX 

model simulations indicated that the 25-75th percentile range of TPTH half-lives was as 

follows: 126-262 SSD in surface water; 77-178 SSD in wastewater effluent; 55-126 SSD 

in stormwater; 51-78 SSD in wetlands; and, 106-202 SSD in NOM extracts. Based on the 
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median quantum yields for 1O2, ⦁OH, and 3DOM*, the predicted median half-lives of 

TPTH at a 1 m water depth and 5 mgC L-1 DOM followed the order: wetlands (60 SSD) < 

stormwater (74 SSD) < wastewater effluent (95 SSD) < NOM extracts (151 SSD) < 

surface water (157 SSD). The TPTH photodegradation kinetics in NOM extracts closely 

matched those in surface waters; however, faster TPTH degradation was observed for 

wetlands, wastewater effluent, and stormwater. Because, agricultural runoff, wastewater 

effluent, and antifouling paints from marine vessels are the main sources of triphenyltin 

contamination, the faster photodegradation kinetics in wetlands, wastewater effluent, and 

stormwater should facilitate TPTH attenuation and may inform opportunities to improve 

TPTH treatment in point sources. 
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  Photochemical fate of triphenyltin pesticides in engineered 

treatment systems: Reaction kinetics, transformation products, and 

residual toxicity 

 

Abstract 

Triphenyltin hydroxide (TPTH) is an organotin fungicide on the Environmental 

Protection Agency contaminant candidate list that causes endocrine disruption and 

reproductive malformation in aquatic organisms. The objective of this study was to 

determine the photodegradation kinetics, identify the transformation products, and 

measure the residual toxicity of TPTH during treatment by the UV-254 and UV-H2O2 

systems. The effective quantum yield of TPTH was 0.18 ± 0.02 mol Ein-1 for direct 

photolysis at 254 nm. The effects of solution pH (e.g., 4-10), ionic strength (e.g., 0.001-

0.1 M), and photosensitizers (e.g., hydrogen peroxide, dissolved organic matter) on 

TPTH photodegradation were explored to simulate various environmental conditions. 

Solution pH and ionic strength had a negligible influence on the measured rate constants. 

However, enhanced TPTH degradation was observed in the UV-H2O2 process due to 

reaction with hydroxyl radicals. The apparent second-order rate constant for TPTH 

reaction with hydroxyl radicals was (7.81 ± 0.37) × 108 M-1 s-1. The primary 

phototransformation products were identified by liquid chromatography with tandem 

mass spectrometry and used to elucidate the reaction pathways of TPTH during direct 

photolysis and advanced oxidation. Hydroxylation of phenyl groups was identified as the 

main reaction pathway for advanced oxidation. The toxicological activity of TPTH and 

its phototransformation products was measured using bacterial growth inhibition assays 



69 

 

with Staphylococcus spp. (ATCC 14389). TPTH inhibited the growth of Staphylococcus 

spp. with an observed IC50 of approximately 400 µg L-1. The antibacterial activity of the 

phototransformation products was assessed using the potency equivalents approach, and 

the results indicated that both direct photolysis and advanced oxidation generated 

antimicrobially-active products. Overall, the experimental results highlighted the need for 

advanced treatment of TPTH and careful consideration of the corresponding 

photoproducts to ensure removal of organotin toxicity in water and wastewater. 

 

4.1 Introduction 

Organotin chemicals, particularly tributyltin and triphenyltin, have been widely employed 

as heat stabilizers (polymer industry), fungicides and miticides (agriculture), and non-

target biocides (marine paint) 118,119. Triphenyltin compounds are broadly classified by the 

general formula, (C6H5)3Sn-R, where 'R' represents an anion, such as acetate, chloride, or 

hydroxide 117. However, triphenyltin acetate and triphenyltin chloride undergo rapid 

hydrolysis reactions in water to form triphenyltin hydroxide (TPTH), which accounts for 

more than 93% of triphenyltin species in seawater 165. TPTH is a registered fungicide 

with the Environmental Protection Agency (EPA) for application on plants, such as rice, 

potatoes, and beets 43. Until a recent ban 43, TPTH was also used as a biocide in 

antifouling paints for marine vessels and infrastructure to prevent the attachment and 

growth of algae and barnacles. Although inorganic tin is considered safe 166, organotin 

chemicals are toxic to humans and aquatic organisms 167. Chronic toxicity can occur at ng 

L-1 concentrations in oysters (shell deformation) and marine gastropods (imposex) 40. Due 

to its lethal, mutagenic, and carcinogenic effects, TPTH has been added to the US EPA 
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Contaminant Candidate List 4 47,120; however, the removal of triphenyltin chemicals in 

water and wastewater treatment processes is unknown and requires investigation to 

inform future treatment and remediation strategies. 

 

Triphenyltin chemicals are considered to be among the most serious pollutants in 

worldwide water bodies 168. The adverse effects of these compounds, along with their 

ubiquitous presence in surface water and sediment, have raised concerns about human 

exposure through (i) seafood products affected by bioaccumulation and biomagnification 

and (ii) contaminated drinking water sources. Hu et al. 122 reported average triphenyltin 

content in primary producers (e.g., phytoplankton, zooplankton), invertebrates (e.g., crab, 

shrimp, clam, whelk), and fish from Bohai Bay (China) to be 1.0, 3.7, and 6.5 ng Sn g-1 

wet weight, respectively. In raw wastewater and reclaimed water from Mexico City 

(Mexico), the triphenyltin concentrations ranged from 3.7 to 9.3 ng Sn L-1. Triphenyltin 

levels as high as 11.3 ng Sn L-1 were reported by Gao et al. 123 in the Three Gorges 

Reservoir (China), an important source of drinking and irrigation water for millions of 

people. These previous findings emphasize the need for advanced treatment processes for 

TPTH in both water and wastewater. 

 

Compared to other mechanisms, such as hydrolysis and biodegradation, 

phototransformation was identified as the primary degradation pathway for TPTH in 

aquatic systems 117. These findings suggest the effectiveness of photochemical processes 

for TPTH treatment in water and wastewater. However, previous studies only reported the 

apparent rate of triphenlytin degradation for specific water quality and operational 
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conditions 135,136,169, which prevents extrapolation of those findings to the design of 

photochemical water and wastewater treatment systems. Furthermore, drastic differences 

have been reported for the quantum yield of TPTH in deionized (DI) water, with values 

ranging from 1.1×10-6 mol Ein-1 for medium-pressure lamps with emission peaks at 185, 

238, 248, 254, 265, 280, 297, 300, 313, and 366 nm 170 to 1.25 (± 0.26) mol Ein-1 for low-

pressure lamps that emit at 254 nm 171. The six order-of-magnitude difference in the 

quantum yield for direct photolysis has important implications for selection of photolytic 

(e.g., UV-254) or photochemical (e.g., UV-H2O2) treatment. In addition, the impacts of 

water quality parameters, namely solution pH, ionic strength, and dissolved organic 

matter (DOM) content, on TPTH phototransformation have not been evaluated. For these 

reasons, a detailed investigation of the photochemical reaction mechanisms and kinetics 

of TPTH is warranted to improve treatment process selection, design, and efficacy.  

 

Based on data for other contaminants 63,172,173, the typical operating conditions for the 

UV-254 and UV-H2O2 processes are not expected to completely mineralize organotin 

chemicals. Due to the persistence and toxicity of organotin chemicals, the primary 

transformation products of TPTH and their corresponding toxicity need to be identified. 

Previous efforts suggested the sequential loss of phenyl groups from TPTH during 

photolysis to ultimately yield inorganic tin 135,136,170. The formation of phenyltin dimers 

has also been postulated due to the poor recovery and lack of identifiable products during 

extended irradiation periods 135,170; however, these products have not been analytically 

confirmed. UV-H2O2 advanced oxidation, which generates hydroxyl radicals (•OH), is 

expected to produce photoproducts that have not been previously reported for TPTH. For 
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this reason, the primary photoproducts and residual toxicity of TPTH require 

investigation to identify appropriate treatment goals that involve both TPTH 

concentration and toxicity. 

 

This study aims to fill the aforementioned knowledge gaps on TPTH phototransformation 

in advanced water and wastewater treatment processes. In particular, the objectives were 

as follows: (1) calculate the fluence-based rate constant and quantum yield for direct 

photolysis of TPTH at 254 nm; (2) identify the influence of solution pH, ionic strength, 

and DOM content on the apparent rate of TPTH photodegradation; (3) measure the 

second-order rate constant for TPTH reaction with ⦁OH; (4) determine the removal 

efficiency of TPTH by the UV-H2O2 advanced oxidation process; (5) characterize the 

primary photoproducts and reaction mechanisms for direct photolysis and advanced 

oxidation of TPTH; and, (6) establish the residual toxicity of TPTH photoproducts. This 

study reports critical kinetic parameters for treatment of triphenyltin compounds in UV-

based treatment processes and informs the residual toxicity of TPTH photoproducts under 

typical operating settings for existing water and wastewater treatment processes. 

 

4.2 Material and methods 

4.2.1 Materials 

TPTH (>98%) was purchased from Sigma-Aldrich (St. Louis, MO, USA), and high-

performance liquid chromatography (HPLC) grade methanol was used to prepare a 1 g L-

1 stock solution. Sodium phosphate monobasic monohydrate (>98%), sodium phosphate 

dibasic heptahydrate (>98%), sodium phosphate tribasic dodecahydrate (>98%), sodium 
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hydroxide (NaOH; 97%), hydrochloric acid (HCl; >98%), hydrogen peroxide (H2O2; 

30%, v/v), para-chlorobenzoic acid (pCBA; 97%), glycerol (reagent grade), and tryptic 

soy broth were obtained from Fisher Scientific (Hampton, NH, USA). Staphylococcus 

spp. (#14389) was purchased from the American Type Culture Collection (ATCC; 

Manassas, VA, USA).  

 

Suwannee River Natural Organic Matter (SRNOM) was secured from the International 

Humic Substances Society (Denver, CO, USA). A 400 mg L-1 stock solution was created 

by adding SRNOM to DI water, adjusting the pH to 10.0 with 0.1 M NaOH, and 

sonicating until the SRNOM was completely dissolved. Then, the pH of the SRNOM 

solution was adjusted to 7.0 with 1 M HCl, and the solution was passed through a 0.2-µm 

filter and stored at -20 °C 151. A total organic carbon analyzer (Shimadzu TOC-L; 

Columbia, MD, USA) was employed to confirm the dissolved organic carbon 

concentration (87 mgC L-1) of the SRNOM working solution.  

 

4.2.2 Analytical methods 

The concentrations of TPTH and pCBA in experimental samples were determined by 

liquid chromatography with triple quadrupole tandem mass spectrometry (LC-MS/MS; 

Thermo UltiMate 3000 with Quantum Access Max; Waltham, MA, USA). Analytes were 

separated on a Waters Symmetry C18 column (2.1×150 mm, 3.5 μm) maintained at 

40 °C. An isocratic mobile phase consisting of (i) 0.1% formic acid in LC-MS-grade 

water and (ii) LC-MS-grade methanol (40:60, v/v) was used for analysis; the flow rate 

was 200 µL min-1. The electrospray ionization device was operated in positive mode for 

https://www.google.com/search?sa=X&rlz=1C1CHBF_enUS822US822&biw=1366&bih=657&sxsrf=ALeKk0281VCxXedjGWdAjaEwM5aQLrvXuA:1623609683086&q=Waltham&stick=H4sIAAAAAAAAAOPgE-LSz9U3MCooMTBJU-IAsTOqjE21tLKTrfTzi9IT8zKrEksy8_NQOFYZqYkphaWJRSWpRcWLWNnDE3NKMhJzd7AyAgDThZNCUQAAAA&ved=2ahUKEwj_0KezoZXxAhXxMVkFHRdDDEAQmxMoATAvegQIHRAD
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TPTH and negative mode for pCBA. The following MS/MS settings were used for TPTH 

analysis: capillary temperature, 270 °C; spray voltage, 3000 V; sheath gas pressure, 40 

(arbitrary units); auxiliary gas pressure, 15 (arbitrary units); and, collision gas (argon) 

pressure, 1.5 Torr. Except for the capillary temperature (250 °C) and spray voltage (2500 

V), all MS/MS settings were identical for pCBA analysis. The measured ion transitions 

for TPTH and pCBA were 383.0 → 350.9 and 155.1 → 111.9, respectively. 

 

4.2.3 Direct photolysis experiments  

The direct photolysis kinetics of TPTH were measured in a Rayonet reactor equipped 

with eight bulbs emitting light at 254 nm. Using the ferrioxalate actinometer, the average 

incident photon flux was calculated to be 9.7 (± 0.4) × 10-9 Ein cm-2 s-1 75. The irradiated 

solutions (10 mL) initially contained 2.7 µM TPTH and 5 mM phosphate buffer in DI 

water. The 18-min irradiation time was selected to achieve a suitable extent of TPTH 

transformation for accurate calculation of rate constants. Dark controls were included to 

correct for other reactions, including hydrolysis. All experiments were carried out at 

room temperature (22 ± 1 °C). For each experiment, samples were collected at 

predetermined times, added to amber LC vials, and stored at -20 °C before analysis.  

 

The apparent time (𝑘d,254,app
′ , s-1) and fluence (𝑘p,254,app

′ , cm2 mJ-1) based, pseudo-first-

order rate constants for direct photolysis of TPTH at 254 nm were calculated using Eq. 

4.1 and Eq. 4.2, respectively. 

 

𝑘d,254,app
′ = − (

1

t
) ln (

Ct

C0
) 
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          (Eq. 4.1) 

 

𝑘p,254,app
′ =

𝑘d,254,app
′

I0 U254
  

          (Eq. 4.2) 

 

The variables in Eq. 4.1-4.2 are defined as follows: t is the irradiation time (s); C0 and Ct 

are the TPTH concentrations (µM) at time 0 and t, respectively; I0 is the net photon flux 

(Ein cm-2 s-1); and, U254 is the molar photon energy of 254-nm light (4.72 ×108 mJ Ein-1). 

 

The absorbance spectra of solutions containing 27 µM TPTH and 5 mM phosphate buffer 

were determined at pH 4.0 ± 0.1, 7.0 ± 0.1, and 10.0 ± 0.1 for wavelengths (𝜆) of 200-300 

nm. These measurements were recorded by UV-visible absorbance spectrophotometry 

(Thermo Evolution 600; Waltham, MA, USA) in a quartz cuvette with 10-cm pathlength 

(ℓ, cm). The absorbance data were divided by the TPTH concentration and pathlength to 

calculate apparent molar absorption coefficients (ελ,app, M-1 cm-1). With Eq. 4.3, the 

time-based, pseudo-first-order rate constants and molar absorption coefficients were used 

to evaluate the apparent quantum yield (𝜙254,app, mol Ein−1) for TPTH at 254 nm 53. 

Note, the I0
′  parameter in Eq. 4.3 is the average photon intensity per volume (Ein L-1 s-1). 

 

𝜙254,app =
𝑘d,254,app

′  

2.303 ℓ ε254,app I0
′  

          (Eq. 4.3) 
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The impacts of water quality parameters, including solution pH, ionic strength, and DOM 

content, on the direct photolysis kinetics of TPTH were also investigated in the Rayonet 

reactor. The initial TPTH concentration was 2.7 µM for all experiments, and the other 

conditions were varied as indicated below. Solution pH was adjusted to environmentally 

relevant values (i.e., pH 4, 7, 10) using 5 mM phosphate buffer. Photolysis experiments 

were conducted at pH 7 with 1, 10, and 100 mM NaCl to assess ionic strength effects. To 

evaluate the impact of DOM on TPTH degradation, 10 mgC L-1 of SRNOM was added to 

the experimental solutions, and the solution pH was adjusted to 7.0 ± 0.2 with 5 mM 

phosphate buffer. 

 

4.2.4 UV-H2O2 experiments 

TPTH degradation in the UV-H2O2 process was investigated using solutions that initially 

contained 2.7 µM TPTH, 0.27 µM – 16.2 mM H2O2, 75 µM pCBA, and 5 mM phosphate 

buffer (pH 7.0 ± 0.2). Competition kinetics were employed to determine the second-order 

rate constant for TPTH reaction with ⦁OH (𝑘 OH⦁ ,TPTH
′′ ) in accordance with previous 

protocols 53. The fractional contributions of direct photolysis (fd) and ⦁OH (f OH⦁ ) to the 

overall TPTH degradation were calculated by Eq. 4.4a and 4.4b, respectively.  

 

fd =
S 𝑘p,254,app

′

S 𝑘p,254,app
′ +  𝑘 OH⦁ ,TPTH

′′  ∫ [ OH⦁ ] dt
t

0

 

          (Eq. 4.4a) 
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f OH⦁ = 1 − fd =
𝑘 OH⦁ ,TPTH

′′  ∫ [ OH⦁ ] dt
t

0

S 𝑘p,254,app
′ +  𝑘 OH⦁ ,TPTH

′′  ∫ [ OH⦁ ] dt
t

0

 

          (Eq. 4.4b) 

 

In Eq. 4.4, S is the screening factor, which accounts for inner-filter effects, and 

∫ [ OH⦁ ] dt
t

0
 is the hydroxyl radical exposure (M s). To balance TPTH degradation by 

direct photolysis and ⦁OH, 0.1, 1, 10, 100, 1000, 3000, and 6000 mol H2O2/mol TPTH 

were initially examined to achieve at least 50% TPTH degradation by ⦁OH and at least 

80% overall TPTH degradation within 12 min. The optimal condition for calculation of 

𝑘 OH⦁ ,TPTH
′′  was determined to be 6000 mol H2O2/mol TPTH. 

 

4.2.5 Analysis of phototransformation products 

A relatively high initial TPTH concentration (54 µM) was used to ensure the detection of 

transformation products formed during UV-254 and UV-H2O2 treatment. 

Characterization of photodegradation products was carried out using LC-MS and LC-

MS/MS in positive electrospray ionization mode. TPTH and its photoproducts were 

separated on a Waters Symmetry C18 column (2.1×150 mm, 3.5 μm) at a flow rate of 

200 µL min-1. The mobile phase included 0.1% formic acid in (A) LC-MS grade water 

and (B) LC-MS grade methanol with the following gradient program: 0-4 min, 10% B; 4-

10 min, ramp to 60% B; 10-30 min, 60% B; 30-36 min, ramp to 10% B; and, 36-40 min, 

10% B. The column temperature was 40 °C, and the sample injection volume was 50 µL. 

The mass spectra acquisition included (1) full scan MS measurements of m/z 100-500 to 

identify peaks corresponding to TPTH phototransformation products and (2) data-
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dependent MS/MS analysis in collision-induced dissociation mode to fragment the most 

abundant ion in each full scan event. To ensure comprehensive evaluation, fragmentation 

was conducted with collision energies of 10, 20, and 30 V. The exact mass and 

fragmentation patterns were recorded and used to propose the chemical formulae and 

structures of transformation products. Due to the lack of chemical standards for the 

proposed products, MS/MS peak areas were used to monitor formation and degradation 

trends during UV-254 and UV-H2O2 treatment. 

 

4.2.6 Residual toxicity analysis 

The residual toxicity of TPTH and its transformation products was analyzed in samples 

that had undergone treatment by the UV-254 and UV-H2O2 systems. In particular, 90-mL 

solutions were prepared with 27 µM TPTH, 0 mM H2O2 (for direct photolysis at 254 nm) 

or 10 mM H2O2 (for advanced oxidation with UV-H2O2), and 5 mM phosphate buffer 

(pH 7.0 ± 0.2). Then, 10-mL aliquots were added to eight quartz tubes (for each 

experiment) before irradiation at 254 nm in the Rayonet reactor. Each tube was removed 

from the reactor at a predetermined time. A small volume (100 µL) of each sample was 

used to measure the TPTH concentration, and the rest was employed for analysis of 

residual toxicity via a growth inhibition assay with Staphylococcus spp. (ATCC 14389). 

The remaining 10 mL of the original solution was used to establish the half-maximal 

inhibitory concentration (IC50) of TPTH against Staphylococcus spp. 

 

The freeze-dried Staphylococcus spp. from ATCC was transferred into 100 mL of tryptic 

soy broth and cultured at 37 C and 160 rpm. Once the optical density at 600 nm (OD600, 
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measured per cm) reached 2.0, the culture was mixed with autoclaved glycerol (1:1, v/v), 

and 1-mL aliquots were transferred into 2-mL cryovials for storage at -80 C. One 

cryovial was used to generate the inoculum for each assay. After thawing at room 

temperature, 0.5 mL from the cryovial was added to 25 mL of tryptic soy broth. The 

mixture was cultured at 37 C and 160 rpm until OD600 reached 3.0, which typically 

occurred after 16-24 h. The specific OD600 was recorded, and an inoculum was generated 

with an OD600 of 0.1 (equivalent to ~106 CFU mL-1) though dilution with tryptic soy 

broth.  

 

The residual toxicity of untreated and irradiated TPTH solutions was measured as growth 

inhibition of Staphylococcus spp. in 96-well microplates. Two samples from the 

untreated or treated solutions were analyzed in triplicate per microplate, with each sample 

undergoing 11 serial dilutions (i.e., 12 total subsamples). The subsamples were placed in 

wells A1-C12 (first sample) and F1-H12 (second sample). First, 250 L of the 

experimental samples were deposited into wells A1-C1 and F1-H1, and 100 L of tryptic 

soy broth was added to wells A2-C12, D1-E12, and F2-H12. Then, 150 µL of the 

experimental samples were transferred from wells A1-C1 to A2-C2 to achieve a dilution 

factor of 1.67. The mixtures were aspirated at least three times, and then 150 µL from 

wells A2-C2 was transferred into A3-C3. The dilution scheme continued through to wells 

A12-C12, which were aspirated and then 150 L was wasted. Wells A1-C12 and F1-

H12, which contained 100 L of serially diluted experimental samples, were then 

supplemented with 100 L of the Staphylococcus spp. inoculum. Positive controls were 

generated in wells D1-E6 by adding 100 L of tryptic soy broth and 100 L of inoculum. 
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Negative controls, consisting of 200 L of tryptic soy broth, were placed in wells D7-

E12.  

 

During incubation at 37 C and 160 rpm, the microplates were covered with lids to 

minimize evaporation. After 16-20 h, microplates were withdrawn from the incubator and 

the lids were removed. The microplates were placed in a microplate reader (BioTek Eon; 

Winooski, Vermont, USA) and underwent orbital shaking at 425 rpm for 30 s before 

measurement of OD600. The shaking and analysis procedures were repeated three times to 

ensure precision. The mean of the three OD600 measurements was used to calculate the 

growth inhibition for each subsample (Eq. 4.5). 

 

I (%) = (
OD600,pos − OD600,ss

OD600,pos −  OD600,neg
)  100% 

          (Eq. 4.5) 

 

In Eq. 4.5, I is growth inhibition of Staphylococcus spp., and OD600,pos, OD600,neg, and 

OD600,ss are the OD600 of the positive control, negative control, and subsample, 

respectively.  

 

Using OriginPro 9.3 (Northampton, MA, USA), the growth inhibition data were fit to the 

Hill equation (Eq. 4.6). Separate Hill models were fit to the growth inhibition data from 

(i) untreated TPTH solutions and (ii) each serially diluted sample from the UV-254 and 

UV-H2O2 experiments. The IC50 values and corresponding 95% confidence intervals 

were recorded for each model.  
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I (%) =  Imin +  
Imax −  Imin

1 + (
IC50

C )
H

 

 

          (Eq. 4.6) 

 

In Eq. 4.6, Imin is the minimum growth inhibition, Imax is the maximum growth 

inhibition, C is the molar concentration of TPTH, and H is the Hill slope. 

 

The residual toxicity of samples that underwent UV-254 or UV-H2O2 treatment was 

converted into potency equivalents (PEQ) using Eq. 4.7.  

 

 PEQ =
IC50

untreated

IC50
treated 

 

          (Eq. 4.7) 

 

In Eq. 4.7, IC50
untreated is the IC50 value for TPTH standards, and IC50

treated is the IC50 

value for experimental samples that contained TPTH and transformation products.  

 

4.2.7 Statistical Analysis 

Linear regressions and statistical analysis of experimental data were performed using 

Microsoft Excel 365 and Origin Pro 9.3. Analysis of Covariance (ANCOVA) tests were 

conducted to determine the significance of differences in the calculated rate constants for 

the investigated solution conditions. If the p-value was less than 0.05, then the difference 

was considered significant.  
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4.3 Results and Discussion 

4.3.1 Direct photolysis of TPTH at 254 nm 

The apparent molar absorption coefficients of TPTH at pH 4, 7, and 10 are reported for 

200-300 nm in Figure B16 of Appendix C. The results indicated that solution pH did not 

affect the apparent molar absorbance of TPTH, which has a pKa value of 8.49; therefore, 

the neutral and anionic TPTH species exhibited similar absorbance profiles. At 254 nm, 

the measured molar absorption coefficient of TPTH was (8.14 ± 0.08) × 102 M-1 cm-1, 

highlighting the potential for TPTH transformation by the UV-254 process.  

 

The pseudo-first-order rate constants and quantum yield for direct photolysis of TPTH at 

254 nm were calculated according to Eq. 4.1-4.3 using the data shown in Figure C1 of 

Appendix C; the measured values are reported in Table 4-1. The quantum yield 

determined in this study, namely 0.18 ± 0.02 mol Ein-1, was five orders of magnitude 

higher than that reported by Navio et al. (1.1×10-6 mol Ein-1) for medium-pressure lamps 

with emission peaks at 185-366 nm 170 and one order of magnitude lower than the 

quantum yield published by Palm et al. (1.25 ± 0.26 mol Ein-1) for a 254-nm light source 

171. In a separate validation experiment using polychromatic light, Palm et al. measured a 

quantum yield of 0.3 mol Ein-1, which is similar to the value reported in Table 4-1. The 

two previous studies 170,171 calculated time-based rate constants for TPTH 

photodegradation, but the corresponding fluence-based rate constants were not 

determined and cannot be estimated, because the photon flux in their photoreactors was 

not provided. The large discrepancy in the literature-reported quantum yields of TPTH 
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cannot be explained; however, the direct photolysis parameters reported in Table 4-1 are 

preferred due to (i) the lower uncertainty on the quantum yield (i.e., 8.9% in this study, 

20.8% in Palm et al. 171, not reported in Navio et al. 170) and (ii) the high reproducibility 

observed during investigation of water quality impacts on direct photolysis of TPTH. 

 

Table 4-1. Photochemical properties for direct photolysis of TPTH at 254 nm and pH 7. 

 

Property Parameter Value 

Molar absorption coefficient ε254,app (8.14 ± 0.08) × 102 M-1 cm-1 

Time-based, pseudo-first-order rate constant 𝑘d,254,app
′  (2.34 ± 0.16) × 10-3 s-1 

Fluence-based, pseudo-first-order rate constant 𝑘p,254,app
′  (5.18 ± 0.25) × 10-4 cm2 mJ-1 

Quantum yield ϕ254,app 0.18 ± 0.02 mol Ein-1 

 

 

The effects of water quality parameters were explored to advance understanding of TPTH 

photodegradation kinetics in real water and wastewater systems. Figure 4.1 shows the 

observed fluence-based, pseudo-first-order rate constants for TPTH photodegradation at 

254 nm as a function of solution pH, ionic strength, and DOM content. As with the molar 

absorption coefficients, the observed rate constants for TPTH photodegradation at pH 4, 

7, and 10 were similar (p = 0.12, ANCOVA). These results indicate that the neutral and 

anionic TPTH species exhibit similar photochemical reactivity at 254 nm. The average 

fluence-based rate constant from the variable pH experiments was (5.18 ± 0.17) × 10-4 

cm2 mJ-1. Similar to TPTH, the fluazaindolizine pesticide exists as both neutral and 

anionic species in water (pKa = 5.6), but the speciation profile did not affect 

photodegradation kinetics 174. This result supports the lack of influence from solution pH 

on the photochemical reactivity of TPTH. 
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Previous literature indicated that ionic strength can enhance the photodegradation of 

organic contaminants by increasing the steady-state concentrations of their excited triplet 

states, either by reducing the triplet quenching reaction rates or by enhancing the 

intersystem crossing of singlet excited species to the triplet excited states 175,176. As 

shown in Figure 4.1, the observed rate constants for TPTH photodegradation at 254 nm 

did not significantly change for the 1-, 10-, and 100-mM ionic strength conditions (p = 

0.07, ANCOVA), suggesting a negligible influence of ionic strength on the production or 

scavenging of excited triplet TPTH species. The average fluence-based rate constant for 

TPTH calculated for the variable ionic strength experiments was (5.04 ± 0.23) × 10-4 cm2 

mJ-1, which overlaps with the rate constants recorded for the variable pH conditions. 

 

Unlike solution pH and ionic strength, the addition of 10 mgC L-1 DOM did inhibit TPTH 

degradation. However, after applying screening corrections to account for inner-filter 

effects caused by the DOM content, no significant differences (p = 0.06, ANCOVA) 

were observed between the apparent rate constants for TPTH photodegradation in 

solutions with variable pH, ionic strength, and DOM. The average screening-corrected 

fluence-based rate constant for solutions containing DOM was (4.98 ± 0.30) × 10-4 cm2 

mJ-1, similar to those recorded for the variable pH and ionic strength experiments as 

highlighted in Figure 4.1. These findings were reinforced by separate equilibrium 

experiments (not shown) that confirmed the negligible interaction of TPTH and DOM in 

solutions containing 10 mgC L
-1 DOM, 5 mM phosphate buffer (to maintain pH at 4-10), 
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and 0.027-54 µM TPTH. Overall, the results confirmed that the DOM influence on TPTH 

removal efficiency at 254 nm is limited to light screening. 

 

 

Figure 4.1. Observed rate constants for TPTH degradation by direct photolysis at 254 nm. 

The green columns indicate the influence of solution pH, which was adjusted with 5 mM 

phosphate buffer, on TPTH degradation. The blue columns represent TPTH degradation kinetics 

with 1, 10, and 100 mM ionic strength (as NaCl). The red columns show the combined effects of 

DOM (10 mgC L-1) and ionic strength (as 5 mM phosphate buffer or 1, 10, and 100 mM NaCl) on 

TPTH degradation. The hollow red columns are the screening-corrected rate constants for TPTH 

in the presence of DOM. The initial TPTH concentration was 2.7 µM, and the solution pH was 

adjusted to 7.0 ± 0.2 for all conditions, except those in which pH was varied. Error bars 

correspond to 95% confidence intervals on the mean rate constants from duplicate time-series 

experiments (n = 7 × 2 = 14). 

 

 

Based on the photochemical properties reported in Table 4-1, 2-10% TPTH degradation 

is expected for a typical UV-254 process operating with a fluence of 40-200 mJ cm-2 9. 

To achieve greater than 90% TPTH transformation, the fluence would have to exceed 

4500 mJ cm-2, which is not economical. These results demonstrate the need for advanced 

processes to effectively treat TPTH in water and wastewater. 
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4.3.2 TPTH transformation in the UV-H2O2 advanced oxidation process 

In the UV-H2O2 system, TPTH degradation involves direct photolysis at 254 nm and 

reaction with hydroxyl radicals 172. The hydroxyl radical contribution to the degradation 

of 2.7 µM TPTH was minimal at H2O2 concentrations of 0.27-270 µM (Figure C1 in 

Appendix C). The time-based, pseudo-first-order rate constants for these conditions were 

2.0-2.6 × 10-3 s-1, comparable to the direct photolysis rate constant reported in Table 4-1, 

(2.34 ± 0.16) × 10-3 s-1. Therefore, higher H2O2 doses were needed to evaluate the 

second-order rate constant for TPTH reaction with hydroxyl radicals. With 16 mM H2O2 

(i.e., ~6000 mol H2O2/mol TPTH), 99.5% of the incident photon flux was absorbed by 

H2O2, reducing the rate of direct photolysis and enabling greater production of hydroxyl 

radicals. For this condition, TPTH degradation was enhanced by 38% at pH 7, because 

the observed pseudo-first-order rate constant increased from (2.34 ± 0.16) × 10-3 s-1 for 

direct photolysis at 254 nm to (3.22 ± 0.20) × 10-3 s-1 for UV-H2O2 treatment (Figure 

4.2a).  

 

As shown in Figure 4.2b, competition kinetics with pCBA enabled the determination of 

the second-order rate constant for TPTH reaction with hydroxyl radicals 53. At pH 7 and 

an initial H2O2 concentration of 16 mM, the second-order rate constant was calculated to 

be (7.81 ± 0.37) × 108 M-1 s-1. For the conditions reported in Figure 4.2b, the 

contributions of direct photolysis (fd) and hydroxyl radicals (f OH⦁ ) to the overall TPTH 

degradation kinetics were 43% and 57%, respectively. The reported fractional 

contributions met the requirements outlined in Section 2.4. The second-order rate 

constant obtained in this study was approximately an order of magnitude lower than the 
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value, (9.4 ± 3) × 109 M-1 s-1, reported by Palm et al. 171. To measure TPTH 

concentrations, Palm et al. 171 employed HPLC with UV absorbance at 220 nm. At low 

wavelengths (< 230 nm), solvent interferences can affect analytical accuracy by HPLC-

UV 177,178; furthermore, UV absorbance is a non-selective detection method that is subject 

to interferences from transformation products. These phenomena may explain the high 

error on the Palm et al. rate constant (32%) and possibly account for the difference in 

magnitude. For typical fluence conditions employed during advanced oxidation (i.e., 540-

2000 mJ cm-2 9) and 6000 mol H2O2/mol TPTH, the TPTH degradation efficiency ranged 

from 50 to 92%.  

 

Figure 4.2. (a) TPTH degradation profiles for the UV-254 and UV-H2O2 treatment 

processes and (b) determination of the second-order rate constant for TPTH reaction with 

hydroxyl radicals.  In (a), the initial TPTH and H2O2 concentrations were 2.7 µM and 16 mM, 

respectively, and the solution pH was 7.0 ± 0.1. The plotted symbols represent the mean of 

triplicate experiments, and the error bars are standard deviation. The solid lines represent are the 

exponential fit to the presented data sets. The observed rate constants for TPTH at UV-254 and 

UV-H2O2 were (2.34 ± 0.16) × 10-3 s-1 and (3.22 ± 0.20) × 10-3 s-1, respectively. Competition 

kinetics presented in (b) were conducted with solutions containing of 2.7 µM TPTH, 5 mM 

phosphate buffer (to maintain pH at 7.0), 16 mM H2O2, and 75 µM pCBA. The solid line is the 

mean slope of the aggregate data set (from triplicate experiments, n = 18), and the dashed lines 

represent the lower and upper 95% confidence bands. 
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4.3.3 Identification of primary TPTH photoproducts 

The m/z values of TPTH and its phototransformation products were initially identified by 

LC-MS. The fragmentation patterns of TPTH and transformation products were then 

assessed by MS/MS to provide additional information and confirm chemical structures. 

The MS spectrum and MS/MS fragmentation pattern of TPTH are provided in Figure C2 

of Appendix C. From Figure C3a in Appendix C, electrospray ionization of TPTH 

generated two main m/z peaks at 350.39 and 382.93. The m/z of 350.39 corresponded to 

the loss of the hydroxide group during ionization ([C18H15Sn-OH]+) 179, as confirmed by 

the MS/MS fragments at m/z 196.74, and 119.88. The m/z of 382.93 was a TPTH-

methanol adduct, namely [C18H15Sn+MeOH]+, with MS/MS fragments at m/z 350.39, 

272.06, 196.74, and 119.88 (Figure C2b in Appendix C). The formation of methanol 

adducts during electrospray ionization has been previously attributed to the polar bond 

between the tin atom and hydroxide group 3. Recall, the stock solution of TPTH was 

prepared in methanol, and the LC mobile phase contained methanol and water. For this 

reason, most of the product identification involved analysis of methanol adducts. 

Organotins also exhibit distinct m/z clusters due to the presence of tin isotopes 4, which 

were used to confirm phototransformation products that retained the tin atom.  

 

Preliminary photoproduct identification was conducted by comparing the LC-MS 

chromatograms of UV-254 or UV-H2O2 treated samples to the initial solution. The 

presence of unique LC-MS peaks in the treated samples indicated transformation 

products. Using this strategy, no TPTH transformation products were identified for UV-
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254 treatment. The absence of identifiable products for direct photolysis of TPTH was 

attributed to low yields that resulted in concentrations below the instrumental detection 

limit. Figure C3 in Appendix C shows LC-MS chromatograms for a solution that initially 

contained 54 µM TPTH before and after 12 min of treatment by the UV-H2O2 system. 

The LC-MS chromatogram for the treated sample exhibited three peaks that were not 

present in the initial solution. All three new peaks exhibited MS/MS fragments consisting 

of tin isomer clusters and m/z 120.02 (i.e., tin cation). The retention times, m/z of parent 

ions, and fragmentation patterns for TPTH and the identified phototransformation 

products are summarized in Table 4-2. 
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Table 4-2. MS and MS/MS information used to identify TPTH phototransformation 

products formed during the UV-H2O2 process. Measured fragment ion of m/z 120.02 

corresponds to tin cation. 

Compound 
Retention time 

(min) 

Measured 

parent ion 

(m/z) 

Ion designation 

Measured 

fragment ion 

(m/z) 

Proposed structure 

TPTH 16.00 382.66 [C18H15Sn+MeOH]+ 350.39 

196.95 

120.02 

 

P1 15.04 398.69 [C18H14Sn+MeOH+OH]+ 366.70 

196.74 

120.02 

 

  
 

P2 15.04 412.92 [C18H13Sn+MeOH+(OH)2]+ 366.70 

196.74 

120.02 

 

 

 

 

 

  

 

P3 15.52 398.69 [C18H14Sn+MeOH+OH]+ 288.79 

212.84 

153.20 

120.02 

 

P4 17.34 380.63 [C18H14Sn+MeOH+OH-

H2O]+ 

350.39 

196.74 

165.10 

120.02 

none proposed 

 

 

Overall, four main photoproducts were confirmed as organotins using the m/z 120.02 

fragment ion, which corresponds to [Sn]+. The phototransformation products P1 (m/z 

398.64) and P2 (m/z 412.98) were identified as [C18H14Sn+MeOH+OH]+ and 

[C18H13Sn+MeOH+(OH)2]
+, respectively. Note, the mass difference (2 Da) for 
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assignment of P2 stems from tin isotope distribution during electrospray ionization 3,179. 

P1 and P2 formed through hydroxyl radical attack at the phenyl groups (Table 4-2) to 

form mono- and di-hydroxylated products, respectively. Previous research has shown that 

dihydroxylation can occur at the same aromatic ring or different rings during UV-H2O2 

treatment 180, hence two structures were proposed for P2. The retention times of P1 and 

P2 (15.04 min) were earlier than TPTH (16.00 min), as expected for more polar 

compounds. The MS/MS fragmentation spectra of both photoproducts included isotope 

clusters at m/z 366.70, 196.7, and 120.0 (Figure C4 in Appendix C), reinforcing the 

retention of organotin moieties. These fragments stem from loss of the methanol adduct 

to form [C18H15Sn+OH]+, cleavage of two Sn-C bonds to form [C6H6Sn+H]+, and loss of 

all phenyl groups to form [Sn]+, respectively. Photoproduct P3 (m/z 398.69) had the same 

mass as P1, suggesting that the observed ion was [C18H14Sn+MeOH+OH]+. However, the 

retention time (15.52 min) and fragmentation pattern (m/z 288.79, 153.20) of P3 were 

different than those of P1, confirming that P3 was a unique photoproduct with a different 

chemical structure than P1. In this case, P1 was expected to undergo keto-enol 

tautomerization to form P3, with the formula and proposed structure shown in Table 4-2. 

Based on the observed m/z values, P4 is likely a dehydration product of P1 (i.e., 

[C18H14Sn+MeOH+OH-H2O]+), but no chemical structure was proposed due to the high 

degree of overlap in MS/MS fragments (Figure C6 in Appendix C).  

 

This information was used to reanalyze the experimental samples by LC-MS/MS in 

selective reaction monitoring mode to obtain chromatograms with better sensitivity 

(Figure C6 in Appendix C) and evaluate photoproduct trends with treatment (Figure 4.3). 
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The photoproducts exhibited similar formation and degradation patterns, with apparent 

generation for the first 12 min (fluence, 3300 mJ cm-2) of UV-H2O2 treatment, followed 

by consistent degradation over the next 30 min (fluence, 8242 mJ cm-2). The highest 

photoproduct peak areas coincided with 44% transformation of TPTH. Unfortunately, 

photoproduct concentrations could not be determined due to the absence of commercially 

available standards, but these results did confirm production of tin-containing 

transformation products during UV-H2O2 treatment. The contribution of these organotin 

transformation products to the residual toxicity of treated TPTH solutions was further 

investigated for the UV-254 and UV-H2O2 treatment processes. 

 

 

Figure 4.3. Concentration profiles of TPTH and the primary phototransformation products 

(as peak areas) during UV-H2O2 treatment. The initial solution contained 54 µM TPTH and 16 

mM H2O2. 
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4.3.4 Residual toxicity of TPTH and photoproducts 

Transformation product investigation revealed that (i) mineralization of TPTH cannot be 

expected during UV-based treatment and (ii) the primary photoproducts retained the C-

Sn bond. These products may also retain the toxicity of TPTH and, therefore, raise 

environmental concerns. To evaluate the residual toxicity, growth inhibition assays with 

Staphylococcus spp. were performed on treated TPTH samples and compared to the 

untreated solutions. The inhibition profiles of the untreated TPTH solutions with and 

without H2O2 are presented in Figure 4.4, and the corresponding IC50 values were 0.45 ± 

0.03 mg L-1 and 0.25 ± 0.02 mg L-1, respectively. The lower IC50 obtained for the TPTH 

+ H2O2 solution was likely due to inhibitory effects from H2O2. The concentration of 

H2O2 was assumed to be relatively constant in irradiated solutions and PEQ was 

calculated based on the initial concentration.   

 

Figure 4.4. Staphylococcus spp. growth inhibition profiles for solutions containing TPTH 

(only) and TPTH with 10 mM H2O2 as representative samples of the untreated UV-254 and 

UV-H2O2 solutions. The solid curves are the best-fit Hill models, and the dashed curves are the 

95% confidence bands. The symbols are the mean growth inhibition from triplicate 

measurements. 
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Growth inhibition profiles were also generated for each sample collected from the TPTH 

solutions treated by the UV-254 and UV-H2O2 systems. The IC50 value for each 

individual sample was used, along with the corresponding parameters for the untreated 

solutions, to calculate PEQs with Eq. 4.7. The PEQ data were plotted against the 

normalized TPTH concentration in each sample to evaluate the residual toxicity of the 

photoproducts. If TPTH was the only toxic compound in the sample, the PEQ data would 

decrease along the 1:1 line in Figure 4.5. Importantly, all of the measured PEQ values 

were above the 1:1 line, suggesting that the photoproducts from the UV-254 and UV-

H2O2 processes retained antimicrobial activity. For UV-254 treatment, the maximum 

PEQ (3.3) was recorded at a fluence of 275 mJ cm-2, which coincided with 35% TPTH 

degradation. Because the PEQ data exceeded 1.0, the phototransformation products were 

more potent than TPTH. Furthermore, the PEQ values remained above 1.0 for fluence up 

to approximately 1370 mJ cm-2, indicating that typical UV treatment processes actually 

increase the toxicity associated with TPTH. Similar results were obtained for the UV-

H2O2 process, but the maximum PEQ value (2.4) was lower and occurred at a lower 

fluence (140 mJ cm-2) and extent of TPTH degradation (15%). Nevertheless, the PEQ 

values exceeded 1.0 until a fluence of approximately 825 mJ cm-2. Given the noted 

differences in TPTH photoproducts for the UV-254 and UV-H2O2 systems, along with 

the competitive reaction kinetics of direct photolysis and •OH, the direct photolysis 

photoproducts are expected to be more toxic than the hydroxylation and dehydration 

products identified in Table 4-2.   
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Figure 4.5. Antimicrobial activity (as PEQs) of UV-254 and UV-H2O2 treated solutions as a 

function of the residual TPTH concentration (C/C0). The symbols are the mean PEQs from 

triplicate measurements, and the error bars in both directions represent 95% confidence intervals. 

The dashed 1:1 line indicates the scenario wherein TPTH is the only source of toxicity. Data 

points above the 1:1 line revealed that phototransformation products exert antimicrobial activity. 

 

4.4.  Conclusion 

This study evaluated the photodegradation kinetics and removal efficiencies of TPTH in 

the UV-254 and UV-H2O2 systems. For the calculated fluence-based, pseudo-first-order 

rate constant, (5.18 ± 0.25) × 10-4 cm2 mJ-1
, only 2-10% TPTH degradation is expected in 

the typical UV processes currently used for drinking water and wastewater treatment. The 

removal efficiency of TPTH increased to 50-92% with the addition of 16 mM H2O2 due 

to generation of •OH by the UV-H2O2 system. Due to the relatively slow 

phototransformation kinetics, complete mineralization of TPTH is not expected for the 

typical operating conditions employed with the UV-254 and UV-H2O2 processes. The 
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isomer clusters and unique fragmentation patterns of organotins were used to identify 

TPTH phototransformation products. Interestingly, no photoproducts were recorded for 

UV-254 treatment, but four hydroxylation and dehydration products of TPTH were 

identified in the UV-H2O2 system. Growth inhibition assays with Staphylococcus spp. 

demonstrated that photoproducts were more potent than TPTH and indicated that overall 

toxicity will increase for typical fluence conditions. The photoproducts formed by direct 

photolysis were apparently more toxic than those produced during UV-H2O2 treatment. 

Overall, these results indicate (i) the change in TPTH concentration is not a sufficient 

metric for describing the treatment efficacy of the UV-254 and UV-H2O2 processes and 

(ii) phase-change processes (e.g., adsorption) may be more appropriate for TPTH to 

prevent generation of toxic photoproducts. 
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  Conclusions 

 

5.1 Overview 

The objective of this dissertation was to advance understanding of the photochemical fate 

of organometallics in the aquatic environment. This goal was accomplished by examining 

the applicability of proven experimental approaches, measuring key photochemical 

reaction kinetics parameters, modeling photodegradation half-lives, identifying primary 

transformation products, and determining residual toxicity for organoselenium and 

organotin chemicals in natural and engineered systems. In addition, the dissertation 

involved innovative comparison studies of organometallics with their carbon analogs, and 

the results emphasized the importance of the selenium and tin atoms on the 

photoreactivity of organometallics. Although this dissertation focused on select 

chemicals, the findings are expected to apply to a broader set of organoselenium and 

organotin compounds. The main conclusions and significance of each chapter are 

highlighted in the following paragraphs. 

 

Chapter 2 examined the photochemical reactivity of ebselen in the presence of reactive 

species sensitizers and scavenging/quenching agents that are frequently used to 

investigate the photodegradation mechanisms and kinetics of organic contaminants. The 

key findings are as follows: 

• Ebselen exhibited pH-dependent photodegradation at 254 nm with the observed 

rate constant increasing from 1.73 (± 0.27) × 10-3 s-1 at pH 4.4 to 13.50 (± 0.43) × 

10-3 s-1 at pH 10.5. This result was unexpected since ebselen does not dissociate, 
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as evidenced by the consistent molar absorption coefficients at 254 nm for pH 

4.5-10.5.  

• The observed rate constant for ebselen in solution containing Rose Bengal, a 

singlet oxygen (1O2) sensitizer, increased from 7.03 (± 1.20) × 10-4 s-1 at pH 4.4 to 

6.74 (± 1.80) × 10-3 s-1 at pH 10.2; however, the steady-state 1O2 concentrations 

were comparable, 3.1 (± 0.5) × 10-12 M, for all pH conditions. This result, in 

combination with the previous finding, suggests that ebselen undergoes base-

catalyzed reactions that affect direct and indirect photolysis. 

• Enhanced ebselen degradation kinetics were observed during UV-H2O2 reactions 

with t-butanol (a common hydroxyl radical (⦁OH) scavenger) due to the 

involvement of secondary radicals. To preclude these issues, sodium pyruvate was 

employed as a non-radical generating quencher of H2O2 to effectively stop the 

reaction between ebselen and H2O2 in ⦁OH sensitized experiments. 

• Ebselen reactivity increased in the presence of sodium azide, sorbic acid, and 

isopropanol (commonly employed reactive species scavenging/quenching agents), 

highlighting the need for careful consideration of traditional protocols when 

studying highly reactive organoselenium compounds.   

Significance: This chapter represents the first report of the photochemistry of ebselen and 

provides crucial insight to the larger class of organoselenium molecules. The findings 

demonstrated the atypical and convoluted photochemistry of ebselen, including for direct 

photolysis and reaction with singlet oxygen. For instance, photodegradation kinetics of 

ebselen showed high dependence on the solution pH during direct photolysis at 254 nm 

and in Rose Bengal-sensitized experiments even though ebselen does not undergo 
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acid/based dissociation. Further evaluation indicated ebselen reaction with active 

intermediates (3RB2-*, O2
⦁-, H2O2) that are not kinetically-relevant for other organic 

compounds. Overall, this chapter suggested that conventional reactive species sensitizers 

(e.g., Rose Bengal, perinaphthenone, H2O2, nitrate/nitrite) and quenchers (e.g., sodium 

azide, sorbic acid, isopropanol) need to be carefully applied in photochemical studies of 

highly reactive organoselenium compounds. These results will assist future research 

efforts to accurately evaluate the mechanisms, kinetics, and effects of water quality 

parameters for photodegradation of other organoselenium molecules. 

 

Chapter 3 described the photochemical fate of triphenyltin chemicals in different water 

sources by cohesively employing laboratory experiments to calculate second-order rate 

constants with reactive species and literature-reported photoreactivity of real waters. The 

significant findings include the following: 

• The second-order rate constants for transformation of triphenyltin hydroxide by 

1O2, ⦁OH, and 3DOM* were calculated to be (3.9 ± 0.52) × 106 M-1 s-1, (7.81 ± 

0.37) × 108 M-1 s-1, and (1.41 ± 0.06) × 106 M-1 s-1, respectively.  

• The Aqueous Photochemistry of Environmentally occurring Xenobiotics model 

was used to evaluate triphenyltin hydroxide half-lives and apparent first-order rate 

constants in different whole waters using approximately 1308 published reports of 

reactive species quantum yields. 

• For a 1 m water depth and 5 mgC L-1 DOM, the median half-lives of triphenyltin 

hydroxide followed the order: surface water (157 Sunny Summer Days (SSD)) > 
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NOM extracts (151 SSD) > wastewater effluent (95 SSD) > stormwater (74 

SSD) > wetlands (60 SSD). 

• Triphenyltin hydroxide photoreactivity in surface waters matched that in NOM 

isolates; however, triphenyltin hydroxide degradation was faster in wetlands and 

waters impacted by wastewater effluent and stormwater. 

• Even though the kinetics were apparently slow in the environment (i.e., the half-

lives ranged from several weeks to a year, depending on the water quality), 

photodegradation of triphenyltin hydroxide was still a kinetically-important 

process compared to other biotic degradation mechanisms. 

Significance: This chapter systematically assessed the abiotic transformation mechanisms 

and kinetics of triphenyltin chemicals in different water sources. The rate of triphenyltin 

hydroxide degradation was affected by the DOM source, content, and composition of real 

waters. Overall, the half-lives of triphenyltin hydroxide ranged from several weeks to a 

year, suggesting the persistence of triphenyltin hydroxide in the aquatic environment. 

However, based on the model predictions from this chapter, the DOM in water bodies 

contaminated with triphenyltin hydroxide, namely agricultural wetlands, wastewater 

effluent, and harbors affected by stormwater runoff, facilitates the 1O2 and 3DOM* 

photodegradation mechanisms. In addition to the direct conclusions about triphenyltin 

hydroxide fate in different water sources, this chapter also highlights the need for 

improved water/wastewater treatment of triphenyltin hydroxide to prevent contamination 

of drinking water supplies and the natural environment. 
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Chapter 4 investigated the fate of triphenyltin chemicals in engineered systems equipped 

with UV-based treatment processes (i.e., UV-254, UV-H2O2) by determining reaction 

kinetics, identifying transformation products, and evaluating residual toxicity. The 

significant findings of this chapter include: 

• At 254 nm, similar absorbance profiles were obtained for the neutral and anionic 

triphenyltin hydroxide species, and the measured molar absorption coefficient was 

(8.14 ± 0.08) × 102 M-1 cm-1.  

• The observed time- and fluence-based, pseudo-first-order rate constants for 

triphenyltin hydroxide photodegradation at 254 nm were (2.34 ± 0.16) × 10-3 s-1 

and (5.18 ± 0.25) × 10-4 cm2 mJ-1, respectively, at pH 7. The corresponding 

quantum yield was 0.18 ± 0.02 mol Ein-1.  

• Primary water quality parameters, such as solution pH and ionic strength, did not 

affect the transformation kinetics of triphenyltin hydroxide during UV-254 

treatment; however, DOM inhibited triphenyltin hydroxide transformation due to 

inner filter effects. 

• The addition of 16 mM H2O2 (~6000 mol H2O2/mol triphenyltin hydroxide) 

enhanced triphenyltin hydroxide degradation by 38% at pH 7, with the observed 

pseudo-first-order rate constant increasing from (2.34 ± 0.16) × 10-3 s-1 for direct 

photolysis at 254 nm to (3.22 ± 0.20) × 10-3 s-1 for UV-H2O2 treatment. 

• The second-order rate constant for transformation of triphenyltin hydroxide by 

⦁OH was calculated to be (7.81 ± 0.37) × 108 M-1 s-1.  

• Using a growth inhibition assay with Staphylococcus spp., the transformation 

products of triphenyltin hydroxide generated during UV-254 and UV-H2O2 
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treatment were determined to be toxicologically active and more potent than 

triphenyltin hydroxide.  

Significance: This chapter examined the effectiveness of the UV-254 and UV-H2O2 

advanced oxidation processes to transform triphenyltin chemicals into benign products. 

The calculated fluence-based, pseudo-first-order rate constant indicated only 2-10% 

triphenyltin hydroxide degradation in typical UV processes employed for drinking water 

and wastewater treatment. Advanced oxidation increased the removal efficiency of 

triphenyltin hydroxide to 50-92% with the addition of 16 mM H2O2. Although 

triphenyltin hydroxide degraded, no photoproducts were identified for UV-254 treatment. 

Four transformation products were identified for advanced oxidation of triphenyltin 

hydroxide, and hydroxylation of the aromatic rings was the primary reaction mechanism. 

Based on residual toxicity measurements, the direct photolysis photoproducts were more 

toxic than the hydroxylation and dehydration products identified for advanced oxidation. 

This finding confirmed that advanced oxidation not only facilitated faster degradation of 

organotin chemicals, but also resulted in less toxic phototransformation products 

compared to UV-254.  

5.2 Future Studies 

1. Additional research on the occurrence of ebselen in various water systems and its fate 

in biological and photochemical processes is essential to assess the persistence of 

ebselen in the ecosystem and its potential toxicity. According to the 

phototransformation kinetics presented in Chapter 2, ebselen exhibited high 

photoreactivity in typical irradiation condition of engineered and natural systems. 
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However, conventional protocols may have overestimated ebselen degradation due to 

the convoluted effects of reactive species sensitizing and quenching agents due to the 

generation of kinetically significant active intermediates.  

2. Several unanswered questions about the reaction mechanisms of ebselen underlined 

in Chapter 2 were outside of the scope of this dissertation research and should be 

addressed in a future study. Some examples include: 

• The pH-dependent photodegradation kinetics of ebselen during direct photolysis 

and Rose Bengal-sensitized experiments were hypothesized to involve reaction 

with O2
⦁-. This hypothesis can be investigated by determining the photochemical 

formation and decay rates of O2
⦁- in irradiated solutions by the chemiluminescent 

method with probes (e.g., luminol and methoxy cypiridina luciferin analog).  

• Further deconvolute the observed reaction kinetics of ebselen with NaN3, sorbic 

acid, and tert-butanol. Then, develop a protocol to identify the reactive 

intermediates, such as triplets and/or secondary radicals of sensitizers that are 

kinetically relevant to ebselen.  

3. Appropriate protocols for investigating the aquatic photochemistry of highly reactive 

organoselenium chemicals must be established. A first step in this direction may be to 

investigate other triplet photosensitizers with a low quantum yield of 1O2, such as 2-

acetonaphthone or 3-methoxy-acetophenone.  

4. Elucidate the details of reaction pathways by identifying transformation products of 

triphenyltin chemicals in natural water systems. As indicated in Chapter 3, the 

chemical transformation of triphenyltins in natural systems happens through the 

involvement of 1O2, ⦁OH, and 3DOM*. A systematic investigation on the degradation 
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products of triphenyltins in natural waters in the presence of DOM will give a more 

comprehensive picture on the reaction mechanisms involved in natural waters.  
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Appendix 

A. Supplemental Information for Chapter 1 

Text A1. Chemical reagents. 

 

Ebselen (EBS; ≥ 98%) and its carbon analog (C-EBS; 95%) were purchased from Sigma-

Aldrich (St. Louis, MO) and AstaTech (Bristol, PA), respectively. Unless indicated, other 

chemicals were obtained from Fisher Scientific (Hampton, NH). Sodium phosphate 

monobasic monohydrate (> 98%), sodium phosphate dibasic heptahydrate (>98%), and 

sodium phosphate tribasic dodecahydrate (> 98%) were used to prepare pH buffers. The 

Rose Bengal (RB; 88%) and perinaphthanone (PN; 97%) 1O2 sensitizers were purchased 

from Sigma-Aldrich. H2O2 (30%, v/v) was used as a ⦁OH sensitizer. Furfuryl alcohol 

(FFA) and para-chlorobenzoic acid (pCBA) were employed as probe compounds for 1O2 

and ⦁OH, respectively. Several scavenging and quenching agents were included in this 

study: isopropanol (99.9%; Sigma-Aldrich) was used to quench ⦁OH; NaN3 ( >99%; 

Acros Organics) was used to scavenge 1O2 and ⦁OH; sorbic acid (MP Biomedicals) was 

used to quench triplets (also prevents 1O2 production); and, tert-butanol (99.5%; Acros 

Organics) was used to quench ⦁OH.  
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Text A2. Analytical methods. 

 

EBS, C-EBS, and pCBA concentrations were measured by liquid chromatography with 

triple quadrupole tandem mass spectrometry (LC-MS/MS; Thermo UltiMate 3000 with 

Quantum Access Max mass spectrometer). The LC method employed a 200 µL min-1 

isocratic mobile phase consisting of a 40:60 (v/v) mixture of (A) 0.1% formic acid in LC-

MS-grade water and (B) LC-MS-grade methanol with 0.1% formic acid. 

Chromatographic separation was carried out on a Waters Symmetry C18 column 

(2.1×150 mm, 3.5 μm) at 40 °C. The retention times of EBS, C-EBS, and pCBA were 

5.57, 6.63, and 6.67 min, respectively. The electrospray ionization unit was operated in 

positive mode for EBS and C-EBS and negative mode for pCBA. The other MS/MS 

operating parameters were as follows: capillary temperature, 270 °C; spray voltage, 3000 

V; sheath gas pressure, 40 (arbitrary units); auxiliary gas pressure, 15 (arbitrary units); 

and, collision gas (argon) pressure, 1.5 Torr. The monitored ion transitions for EBS, C-

EBS, and pCBA were 276.0 → 183.9, 210.1 → 132.1, and 155.1 → 111.9, respectively. 

 

FFA was analyzed using high-performance liquid chromatography with UV absorbance 

detection (HPLC-UV; Thermo UltiMate 3000). The sample injection volume was 50 µL, 

the flow rate was 600 µL min-1, and the column temperature was 40 °C. The isocratic 

mobile phase was composed of a 25:75 (v/v) mixture of (A) HPLC-grade methanol with 

0.1% formic acid and (B) HPLC-grade water with 0.1% formic acid. FFA was separated 

on an Accucore C18 (4.6×150 mm, 2.6 µm) analytical column, and the retention time 

was 4.6 min. The UV absorbance of FFA was measured at 220 nm.  

 



107 

 

  



108 

 

Text A3. Quantum yield calculation. 

 

The apparent quantum yield (ϕλ,app) of EBS and C-EBS were calculated according to 

Eq. A1 181.  

 

ϕλ,app =
kd,λ,app

′

2.303 ℓ ελ,app I0
 

          (Eq. A1) 

 

In Eq. A1, kd,λ,app
′  is the apparent, time-based pseudo-first-order rate constant (s-1) for 

direct photolysis at wavelength λ, ελ,app is the apparent molar absorption coefficient (M-1 

cm-1) for the considered wavelength, ℓ is the optical pathlength (cm), and I0 is the net 

photon flux (Ein L-1 s-1). The net photon flux of the 254 nm and 365 nm systems was 

reported in section 2.3 of the manuscript. 
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Text A4. Transient absorption spectroscopy. 

 

Nanosecond laser flash photolysis experiments were conducted to (i) evaluate the 

formation of transient EBS species (e.g., triplet EBS (3EBS*) or the EBS radical cation 

(EBS•+)) by direct photoexcitation and (ii) determine the second-order reaction rate 

constant of EBS with triplet sensitizers. Transient absorption spectroscopy was carried 

out using the second- or third- harmonic frequency from a Q-switched Nd:YAG laser 

(Continuum Surelight II; pulse width, 8 ns) for excitation. The energy of the 355 nm and 

532 nm excitation was 25 mJ cm-2 pulse-1 or less. Transient absorption spectra were 

recorded using a 75-W Xenon arc lamp as the probe light source, an Action SP-150 

monochromator, and a R-928 Hamamatsu photomultiplier tube. A complete description 

of the laser flash photolysis instrument has been provided elsewhere 142. To evaluate the 

formation of transient EBS species, a solution containing 150 µM EBS and 5 mM 

phosphate buffer was prepared in 50% acetonitrile. The investigated pH values included 

4.4, 5.2, 7.3, 9.6, and 11.2. A laser pulse at 355 nm was used for excitation, and kinetic 

traces were recorded for every 25 nm across the 400-700 nm range. The transient 

absorption measurements were taken for EBS samples exposed to air and samples 

sparged with argon gas for 15 min to inhibit potential quenching of reactive species by 

oxygen.  

 

To determine the second-order rate constants for EBS with triplet sensitizers, 2 mL of 5 

µM RB in 5 mM phosphate-buffered DI water at pH 4.4-11.2 (same pH values as above) 

was sparged with argon for 10 min. Selective excitation of RB was carried out at 532 nm, 

and the time-dependent change in absorbance (ΔA) for 3RB2-* was monitored at 600 nm. 
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Aliquots of 10 µL containing EBS in 50% acetonitrile were sequentially added, up to a 

total concentration of 70 µM, to quench 3RB2-*. The 600-nm decay traces were fit to a 

single-exponential decay model to obtain the pseudo-first-order decay constant 87,142. The 

absorption spectra of the experimental solutions were recorded with a JASCO V-570 

double-beam spectrophotometer between laser flashes to confirm no photodegradation of 

EBS and RB. 
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Table A3. List of triplet species and/or active intermediates formed by sensitizing, 

scavenging, and quenching agents in irradiated aqueous solutions. 

 

Sensitizer, scavenger, or 

quencher 
Active intermediates formed upon irradiation 

Rose Bengal 3RB2-*, RB⦁3-, RB⦁-, 1O2, O2
⦁-, and H2O2 

67,68 

Nitrate/nitrite ⦁NO2, ⦁NO, O2
⦁-, and ⦁OH 

182 

Hydrogen peroxide ⦁OH, HO2
⦁, and H2O2 

182 

Sorbic acid Triplet sorbic acid 183 

Isopropanol 
Hydrogen transfer leading to hydroxy isopropyl 

radical 109 

tert-butanol R• and ROO• (formed by reaction with ⦁OH) 
54 
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Table A4. Second-order rate constants for EBS reaction with 3RB2-* were calculated at 

various conditions to confirm a lack of dependence on solution pH. Furthermore, the 

measured rate constants confirmed the high reactivity of EBS with 3RB2-*. 

 

pH 
𝐤

𝐑𝐁𝟐−∗𝟑 , 𝐄𝐁𝐒
′′   (M-1 s-

1) 

4.4 3.95 × 108 

5.2 4.50 × 108 

7.3 4.45 × 108 

9.6 4.26 × 108 

11.2 4.33 × 108 
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Figure A6. The molar absorption coefficients of EBS (20 mg L-1), C-EBS (20 mg L-1), and 

ebselen selenoxide (EBSO, 20 mg L-1) for 230-380 nm and select pH values. Solution pH was 

adjusted with 10 mM phosphate buffer. EBS and C-EBS do not undergo acid dissociation 

reactions and are present in solution as neutral molecules; therefore, solution pH had a negligible 

influence on the measured absorbance spectra. Note, the concentrations of EBS and C-EBS were 

higher than the kinetics experiments to ensure the sensitivity of molar absorption coefficients 

measured in the 230-380 nm range.    
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Figure A7. Observed degradation trends of EBS (initial concentration 3.6 µM) in DI water 

with 0, 10, 20, and 30 mM phosphate buffer for irradiation at 254 nm. The measured pH of 

all solutions was 7.2 ± 0.1; note, the pH of the 0 mM phosphate-buffered solution was adjusted 

with 1 mM NaOH. The observed rate constants for EBS with 0, 10, 20, and 30 mM phosphate 

buffer were 2.43 (± 0.47) × 10-3 s-1, 2.55 (± 0.40) × 10-3 s-1, 2.63 (± 0.55) × 10-3 s-1, and 2.89 (± 

0.61) × 10-3 s-1, respectively. 
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Figure A8.  Transient absorption spectroscopy of EBS (150 µM) in 50% acetonitrile with 5 

mM phosphate buffer at (a) pH 5.2 and (b) pH 10.8. Excitation was conducted at 355 nm, and 

absorbance measurements were recorded for every 25 nm in the 400-700 nm range (for clarity, 

data are only shown for 100 nm intervals). Transient signals corresponding to 3EBS* or EBS•+ 

were not observed, suggesting a low triplet yield for excitation at 355 nm. 
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Figure A9. Observed pseudo-first-order rate constants for EBS (3.6 µM) photodegradation 

and steady-state 1O2 concentrations in solutions containing 0.5 µM PN, 0.2 mM FFA, and 5 

mM phosphate buffer. The rate constants and 1O2 concentrations were calculated from time 

series experiments with seven data points. Error bars represent 95% confidence intervals on the 

mean rate constant from the time series experiments. Similar to the data obtained from RB-

sensitized solutions, EBS exhibited pH-dependent reaction kinetics in PN-sensitized solutions 

even though steady-state concentrations of 1O2 were consistent, namely 3.3 (± 0.8) × 10-12 M, for 

all pH conditions.  
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Figure A10. Observed change in C-EBS (3.6 µM) concentration during irradiation with 

light at 365 nm. The solutions also contained 40 µM RB, 0.2 mM FFA, and 5 mM phosphate 

buffer. The steady-state concentrations of 1O2 measured in the pH 4.2, 7.0, and 9.9 solutions were 

3.05 × 10-12 M, 3.11 × 10-12 M, and 3.36 × 10-12 M, respectively. Contrary to EBS, C-EBS 

exhibited negligible degradation in RB-sensitized solutions. The plotted symbols represent the 

mean of triplicate experiments, and the error bars are standard deviation.  
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Figure A11.  Stern-Volmer plot showing the decay rate constant of 3RB2-* as a function of 

EBS concentration and pH. These data were used to calculate the second-order rate constant, 

k
RB2−∗3 ,EBS

′′ . These transient absorption experiments were conducted with solutions consisting of 

5 µM RB, 5 mM phosphate buffer (to maintain the pH values reported in the legend), and 

incremental addition of 10 µM EBS (up to 70 µM). The solid black line is the mean slope of the 

aggregate data set, and the dashed black lines represent the lower and upper 95% confidence 

bands. The calculated rate constants from individual pH values are reported in Table S2. These 

data confirm high reactivity of EBS with 3RB2-*, and the average second-order rate constant of 

EBS with 3RB2-* was 4.30 (± 0.15) × 108 M-1s-1.   
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Figure A12.  LC-MS/MS response of EBS measured immediately after preparation and 

after 24 h of storage in the following solutions: (i) 0.36-36 µM EBS; (ii) 0.36-36 µM EBS + 

7.5 mM sodium pyruvate; (iii) 0.36-36 µM EBS + 0.5 mM H2O2; and, (iv) 0.36-36 µM EBS + 

0.5 mM H2O2 + 7.5 mM sodium pyruvate. The response of EBS measured after 24 h was 

similar to the response measured immediately after sample preparation for the EBS only, EBS + 

pyruvate, and EBS + H2O2 + pyruvate scenarios. These results suggest that (i) hydrolysis 

reactions were negligible, (ii) sodium pyruvate did not react with EBS, and (iii) sodium pyruvate 

effectively quenched the residual H2O2. The addition of pyruvate influenced the ionization 

efficiency of EBS during LC-MS/MS analysis and resulted in a slightly lower response compared 

to solutions without pyruvate. For the EBS + H2O2 scenario, the response of EBS decreased 

during the 24 h storage time, indicating EBS reaction with H2O2. 
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Figure A13. Chromatograms of a solution with 3.6 µM EBS, 50 µM H2O2, and 5 mM 

phosphate buffer after (a) 0 min and (b) 10 min of reaction. For (a), 50 µM H2O2 was added 

to a solution containing 3.6 µM EBS, 5 mM phosphate buffer, and 7.5 mM sodium 

pyruvate. The sodium pyruvate effectively quenched the added H2O2, preventing EBS interaction 

with H2O2. For (b), 50 µM H2O2 was added to a solution containing 3.6 µM EBS and 5 mM 

phosphate buffer. After 10 min, 7.5 mM sodium pyruvate was added to quench residual H2O2. 

EBS reaction with H2O2 generated EBS selenoxide (EBSO). The peaks at 5.5 min (m/z, 276.0 → 

183.9) and 3.2 min (m/z, 291.2 → 195.4) represent EBS and EBSO (confirmed by standard), 

respectively.  
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Figure A14. Degradation kinetics of 75 µM pCBA at pH 7.1 for direct photolysis at 254 

nm, UV-H2O2 treatment (with 254 nm), and reaction with H2O2 in the dark. The initial H2O2 

concentration was 5 µM, and solution pH was maintained with 5 mM phosphate buffer. The 

observed pseudo-first-order rate constant for pCBA degradation (𝒌𝒅,𝒑𝑪𝑩𝑨
′ ) was 4.62 (± 0.65) × 10-

4 s-1. The error on the direct photolysis rate constant represents the 95% confidence interval on the 

mean rate constant from the time-series experiment (n = 7). The plotted symbols for the pCBA + 

H2O2 dataset represent the mean of triplicate experiments, and the error bars are standard 

deviation. Note, EBS and H2O2 were not added to the direct photolysis mixture for pCBA, but 

EBS was present in the pCBA + H2O2 solutions for analysis of competition kinetics. 
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Figure A15. Observed pseudo-first-order rate constants for irradiation of EBS at 254 nm 

in the presence of 0, 1, and 10 mM NaN3 at pH 4, 6, 8, and 10. Note that all results are 

normalized to the rate constant at pH 4 with 0 mM NaN3 to emphasize the relative differences. 

The initial EBS concentration was 3.6 µM, and the pH was maintained with 5 mM phosphate 

buffer. Error bars correspond to propagated 95% confidence intervals on the mean rate constants 

from duplicate time series experiments (n = 7 × 2 = 14). 
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B. Supplemental Information for Chapter 3 

  

Figure B16.  The molar absorption coefficients of TPTH at pH 4, 7, and 10. The solutions 

contained 27 µM TPTH, 5 mM phosphate buffer, and 50% methanol (for TPTH solubility) in 

deionized water. Data were measured for 200-500 nm but are only reported for the 200-300 nm 

range, because the absorbance above 300 nm was below the instrument detection limit (i.e., 10 M-

1 cm-1). 
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Figure B17.  Direct photolysis of TPTH (initial concentration 2.7 µM) in deionized water at 

365 nm. The solution pH was adjusted to 7.0 ± 0.1 with 5 mM phosphate buffer. 
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Figure B18.  Transient absorption decay curves of 3CBBP* at 550 nm for 0-90 µM TPTH. 

Additional details are available in Section 2.3 and Figure 2 of the main manuscript. 
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Figure B19.  Box-and-whisker diagrams of the quantum yields of (a) 1O2, (b) ⦁OH, and (c) 
3DOM* for different water sources. The data were collected from Wasswa et al. 139. 
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Figure B20.  Linear correlations were observed for the quantum yields of 1O2 and 3DOM* in 

(a) surface water, (b) wastewater effluent, (c) stormwater, (d) wetlands, and (e) NOM 

extracts. The data were obtained from Wasswa et al. 139. The linear regressions were used to 

estimate missing 𝝓 𝑶𝟐
𝟏  or 𝝓 𝑫𝑶𝑴∗𝟑  parameters for select water sources. 
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Figure B21.  Linear correlations were not observed for the quantum yields of ⦁OH and 
3DOM* in (a) surface water, (b) wastewater effluent, (c) stormwater, (d) wetlands, and (e) 

NOM extracts. The data were obtained from Wasswa et al. 139. No convincing correlations were 

observed between the quantum yields; therefore, missing 𝝓⦁𝑶𝑯
 parameters were estimated using 

the median value for that water source.  
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Figure B22.  The distribution of TPTH half-lives in different water sources with 5 mgC L-1 

DOM. The individual half-lives were calculated for 1 m water depth in the APEX photochemical 

model using the quantum yields from Figure B4, the rate constants for TPTH reaction with 

reactive species (Section 3.1 of the main manuscript), and the following water chemistry 

parameters: 10-6 M NO2
–; 10-4 M NO3

–; 10-3 M HCO3
–; and, 10-5 M CO3

2–. 
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Figure B23.  The percent contributions of 1O2, ⦁OH, and 3DOM* to TPTH photodegradation 

in different water sources with 1, 5, and 10 mgC L-1 and a 5 m water depth. The results were 

obtained for solutions containing 10-6 M NO2
–, 10-4 M NO3

–, 10-3 M HCO3
–, and 10-5 M CO3

2–. 
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C. Supplemental Information for Chapter 4 

 
Figure C1.  Observed degradation profiles of 2.7 µM TPTH for irradiation at 254 nm with 

0, 0.27, 27, and 270 µM H2O2. The measured pH of all solutions was 7.0 ± 0.2. Except for the 0 

mM H2O2 condition, all other solutions included 75 µM pCBA to enable competition kinetics. 

The plotted symbols represent the mean of triplicate experiments, and the error bars are standard 

deviation. The observed rate constants for TPTH with 0, 0.27, 27, and 270 µM H2O2 were (2.1 ± 

0.2) × 10-3 s-1, (2.6 ± 0.2) × 10-3 s-1, (2.0 ± 0.2) × 10-3 s-1, (2.5 ± 0.6) × 10-3 s-1, and (2.2 ± 0.5) × 

10-3 s-1, respectively. The results indicate that the hydroxyl radical contribution to TPTH 

degradation was minimal for these H2O2 concentrations. 
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Figure C2.  TPTH analysis by (a) MS and (b) MS/MS. The 54 µM TPTH solution was 

prepared in 100% methanol and directly injected into the mass spectrometer using positive 

electrospray ionization. The two peaks observed in (a) correspond to TPTH and a TPTH-

methanol adduct. The fragmentation pattern in (b) was obtained for the TPTH-methanol adduct 

(m/z 382.52) with a collision energy of 35 V, but the fragmentation pattern was the same for m/z 

350.39. Note, the "2+" on the fragment with m/z 196.74 corresponds to the tin oxidation state (Sn 

II). 
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Figure C3. Representative chromatograms showing the total ion current for solutions with 

54 µM TPTH and 16 mM H2O2 (to sensitize production of ⦁OH) before and after 12 min of 

irradiation at 254 nm. The mass spectrum acquisition was set to collect data for m/z 100-500. 
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Figure C4.  Analysis of a solution that initially contained 54 µM TPTH and 16 mM H2O2 

after 12 min of irradiation using (a) MS and (b) MS/MS. Positive electrospray ionization was 

used for both analyses. The spectra in (a) were extracted at a retention time of 15.02 min and 

show the P1 and P2 photoproducts. The fragmentation pattern in (b) was obtained for m/z 398.9 

(corresponding to P1) with a collision energy of 35 V, but a similar fragmentation pattern was 

obtained for P2. Note, the "2+" on the fragment with m/z 196.74 corresponds to the tin oxidation 

state (Sn II). 
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Figure C5.  Mass spectrum and fragmentation pattern obtained from solution that initially 

contained 54 µM TPTH and 16 mM H2O2 after 12 min of irradiation using (a) MS and (b) 

MS/MS. The spectra in (a) were extracted at a retention time of 17.34 min and show the P4 

photoproduct. The fragmentation pattern in (b) was obtained for m/z 380.63 with a collision 

energy of 35 V. Note, the "2+" on the fragment with m/z 196.74 corresponds to the tin oxidation 

state (Sn II). 
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Figure C6. Characteristic chromatograms of TPTH and the primary photoproducts listed 

in Table 4.2 (main manuscript). The analyzed sample stemmed from 6 min of UV-H2O2 

treatment of a solution with 54 µM TPTH and 16 mM H2O2. 
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